Endocrine disrupting substances
– Impairment of reproduction and development

Per-Erik Olsson1
Bertil Borg 2
Björn Brunström 3
Helen Håkansson 4
Eva Klasson-Wehler 5

1

Department of Cellular and Developmental Biology, Umeå University
2
Department of Zoology, Stockholm University
3
Department of Environmental Toxicology, Uppsala University
4
Institute of Environmental Medicine, Karolinska Institute
5
Department of Environmental Chemistry, Wallenberg Laboratory, Stockholm University

swedish environmental protection agency

1

Contact: TITUS KYRKLUND
Telephone: +46 8 698 11 46
The authors assume sole responsibility for the contents
of this report, which, therefore, cannot be cited as representing,
the viewpoint of the Swedish Environmental Protection Agency.
The report has been submitted to external referees for checking.
Illustrator: JOHAN WIHLKE,
Figures 5.2–5.5, 5.8–5.9
Cover picture:
The moorfrog male (Rana arvalis) turns blue in the mating season
– an example of naturally induced effects by hormones.
Photographer: Tero Niemi

Address for orders:
Swedish Environmental Protection Agency
Customer Services
SE-106 48 Stockholm, Sweden
Telephone: +46 8 698 1200
Fax: +46 8 698 15 15
E-mail: kundtjanst@environ.se
Internet: http://www.environ.se
ISBN 91-620-4859-7
ISSN 0282-7298
© Swedish Environmental Protection Agency
Printed by: Elanders Gotab, Stockholm, Sweden, 1998
Edition: 800 copies
2

PREFACE
The Scientific Committee for Toxicology and Environmental Health at the Swedish Environmental Protection
Agency early brought up the question regarding hazards
related to environmental chemicals with hormone disrupting properties. It was decided to make an up to date
review to be used by Swedish authorities and as a basis
for a research programme.
The present report gives a basis for the differences in
sexual development between different organisms and the
role of hormones. The aim is to explain the role of foreign chemicals with regard to endocrine disrupting properties in different organisms. Suggested areas for further
research have also been included.

STOCKHOLM, SWEDEN 1998
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SVENSK SAMMANFATTNING

D

en föreliggande rapporten avser att ge en sammanfattning av det nuvarande
kunskapsläget vad gäller kända och befarade störningar av fortplantning hos
ryggradsdjur. En utvärdering av möjliga samband mellan iakttagna effekter, på både
djur och människor, och kemikalier som släpps ut i miljön har gjorts. Rekommendationer för framtida forskning, med tonvikt på svenska problem, ges i slutet av rapporten.
Det befaras att ett stort antal olika substanser, som släpps ut i miljön, kan påverka
hormonsystem och därigenom störa fortplantning och utveckling hos ryggradsdjur.
Att ett samband skulle föreligga mellan störd fortplantning och utsläpp av kemikalier i miljön har indikerats i flera studier. Detta har lett till att ett flertal utredningar
har genomförts för att sammanställa information om östrogen aktivitet hos kemikalier i miljön. Förutom östrogena system kan dock även andra hormonsystem påverkas och effekter har iakttagits på andra könshormonsystem, som androgener och
progestiner, men även på hormoner som thyroxiner och retinoider. I många fall är det
samma grupper av kemikalier som påverkar dessa olika hormonsystem. Flertalet av
de substanser som befaras ha endokrint störande effekter omvandlas via en enzymfamilj kallad cytokrom P450 (CYP). CYP är inblandat i bildning och omvandling av
steroider men är även viktig för avgiftning av främmande substanser. Genom att
CYP ändrar strukturen hos substanser finns även möjligheten att en substans omvandlas från att påverka ett hormonsystem till att påverka ett annat. Komplexiteten i
effekter som kan uppstå som ett resultat av exponering för en enskild substans gör att
tolkningen av dess interaktioner med ett enskilt hormonsystem försvåras. Det är därför nödvändigt att rikta uppmärksamheten på ett flertal hormonsystem.

RAPPORTENS MÅL
Rapporten är i huvudsak fokuserad på kemikalier som, genom att verka som agonister eller antagonister, kan befaras störa hormonell signalering hos ryggradsdjur. Förutom iakttagelser av imposex (partiell hermafrodism hos honor) har inte effekter på
ryggradslösa djur tagits med i utredningen. Väldigt lite är känt vad gäller miljögifters effekter på fortplantning hos ryggradslösa djur. Hormoner är inblandade i alla
utvecklingsstadier hos ryggradslösa djur och avsaknaden av information om effekter
på dessa organismer kan bero på avsaknad av studier på dessa och betyder därför inte
att de inte kan påverkas. Vi bedömer därför att detta område snarare har varit negligerat än att det inte föreligger effekter.
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DEFINITION AV ENDOKRINT STÖRANDE ÄMNEN
(ENDOCRINE DISRUPTING SUBSTANCES; EDS)
Det är nödvändigt att definiera vad som utgör en endokrint störande substans. Vid ett
europeiskt möte angående ”impact of endocrine disrupters on human health and
wildlife”, som hölls i december 1996 i Weybridge, UK gavs denna definition av EDS
”Ett endokrint störande ämne är en kroppsfrämmande substans som orsakar kritiska
hälsoeffekter i en intakt organism, eller dess avkomma, som en konsekvens av ändringar i endokrin funktion”. Det definierades även att ”en potentiell EDS är en substans som har egenskaper som kan befaras leda till endokrina störningar i en intakt
organism”. Som dessa definitioner föreslår så är det viktigt att utveckla in vivo system för att klassificera substanser som varande EDS medan in vitro system är viktiga
för att välja ut substanser som varande möjliga EDS. I denna rapport använder vi oss
av dessa definitioner.

RAPPORTENS INNEHÅLL
Hormoner är inblandade i regleringen av många olika och viktiga processer hos organismer. Till dessa hör reglering av fortplantning, utveckling och ämnesomsättning. Många kemiska ämnen kan störa dessa funktioner genom att påverka de
hormonella systemen. För att förstå hur hormonsystemen störs krävs det kunskap
om deras naturliga funktioner Utredningen har fokuserat på tre centrala hormonsystem, könshormoner (östrogener, androgener och progestiner), thyroidhormon
och retinoider. Dessa beskrivs i kapitel 2.
Könsbestämningen hos många ryggradsdjur styrs via könshormonerna. Detta gäller
främst fiskar och kräldjur. Detta kan leda till att kemikalier i miljön kan påverka
könskvoterna hos dessa djur. Utvecklingen av könsorgan och könsbeteende styrs av
könshormon även hos människa. I kapitel 3 görs en genomgång av mekanismer för
könsbestämning och utveckling hos ryggradsdjur.
En stort antal kemikalier befaras ge effekter på fortplantning och utveckling genom
att störa hormonsystem som könshormoner, thyroidhormon och retinoider. I kapitel
4 görs en genomgång av olika iakttagna och befarade effekter på människor och djur.
Därefter görs en genomgång i kapitel 5 av olika kemikalier som befaras ha hormonella effekter. Ett mångfald av experiment har utförts på olika organismer för att
utröna hur olika kemiska ämnen påverkar de olika hormonsystemen. I kapitel 6 görs
en genomgång av experimentella studier som har gjorts på dessa kemikalier. I kapitel 7 ges en utvärdering av de iakttagna effekterna och rekommendationer för fortsatta studier.
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ENGLISH SUMMARY

T

here is a current concern that an increasing number of substances, with possible
endocrine disrupting potential, are being released into the environment and that
these substances may have deleterious effects on vertebrate reproduction. Possible
links between disturbed reproduction and exposure to environmental chemicals have
been suggested in different studies. There are several international reports which
address the estrogenic activity of such chemicals. Besides the estrogen system, many
other endocrine systems may be affected by chemicals released into the environment. Thus, effects have also been observed on other steroid systems, such as androgens and progestins, as well as on the thyroid and retinoid systems. In many instances several of these systems may be affected by the same groups of chemicals.
Metabolism of many of these chemicals is controlled by different forms of cytochrome P450, and altered structure, due to metabolism of the chemical, may redirect
the effect from one system to another. The complexity of effects which may be the
result of exposure to any one substance render the interpretation of its interaction
with any single system difficult.

THE OBJECTIVES OF THE REPORT
The present report aims to give an up to date account of the literature on known and
suspected disturbances of reproduction in vertebrates and to examine the possible
association between observed effects, in both humans and wild-life, and chemicals
that are released into the environment, with special emphasis on Swedish conditions.
Following the evaluation of existing knowledge, recommendations for future research are given.
In the present report we are primarily focusing on chemicals that have the potential
of interfering, as agonists or antagonists, with hormonal signaling in vertebrates. We
have not included effects on evertebrates, except for the development of imposex.
Today there is very little known about the reproductive impairment of pollutants in
arthropoda. This may be a reflection of the lack of studies on these organisms rather
than that effects do not exist. It is known that the endocrine system plays important
roles in all stages of development of arthropoda (e.g. growth, ecdysis, hibernation,
sexual maturation) and that aquatic forms (e.g. crustacea) may be expected to be
highly susceptible to endocrine disrupters. We conclude that this field has been neglected rather than that effects do not exist. Many chemicals may also interfere indirectly, as is the case with for instance metals and apart from tributyltin, and we have
not included these in the report.
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THE CONTENT OF THE REPORT
Hormones are involved in regulation of several different and important processes in
organisms. These include regulation of reproduction, development and metabolism.
Chemical substances may disturb these functions by affecting hormonal signalling.
In order to understand how hormonal systems are disturbed it is essential to have
knowledge of their natural functions. The report has focused on three hormonal systems, the sex hormones (estrogens, androgens and progestins), thyroid hormones
and retinoids. These are described in chapter 2.
Sex hormones regulate sex determination in many vertebrates, such as fish and reptiles. Exposure to chemical substances may therefore lead to changes in sex ratios in
these species. The development of gonads and sexual behaviour is controlled by sex
hormones in all vertebrates, including humans. The mechanisms for sex determination and differentiation are discussed in chapter 3.
A large number of different chemical substances are suspected to affect reproduction
and development by interfering with hormones such as sex hormones, thyroid hormones and retinoids. Chapter 4 deals with demonstrated and discussed effects in
humans and animals. A number of chemicals with potential hormone modulating
effects are presented in chapter 5. The selected compounds are mainly those that
have been reported to have endocrine disrupting capacity but a few compounds lacking such data have been included because of their presence in the environment and
structural similarity to hormones or to other endocrine disrupting compounds. A
multitude of experiments have been conducted to determine how different chemical
substances interfere with hormones. Experimental studies of different endocrine
mod- ulators are discussed in chapter 6. At the end of the report, in chapter 7, an evaluation of the observed and suspected effects are given together with recommendations for future research.
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1. INTRODUCTION

T

he present report aims to give an up to date account of the literature on known
and suspected disturbances of reproduction in vertebrates and to examine the
possible association between observed effects, in both humans and wild-life, and
chemicals that are released into the environment, with special emphasis on Swedish
conditions. Following the evaluation of existing knowledge, recommendations for
future research are given.

DEFINITION OF ENDOCRINE DISRUPTING SUBSTANCES (EDS)
It is recognized in this report that it is necessary to give a definition of endocrine
disrupters. At the recent European workshop on the impact of endocrine disrupters
on human health and wildlife, held in December 1996 in Weybridge, UK, (EUR
17549, 1996) it was agreed that “An endocrine disrupter is an exogenous substance
that causes adverse health effects in an intact organism, or its progeny, consequent
to changes in endocrine function”. It was also agreed that “a potential endocrine
disrupter is a substance that possesses properties that might be expected to lead to
endocrine disruption in an intact organism”. In this report we use these definitions.
As these definitions suggest it is important to develop in vivo systems for determination of such chemicals while in vitro systems may be helpful in the selection of
candidate substances. In the present report we have adopted the Weybridge definition
of endocrine disrupters.

BACKGROUND
There are numerous incidences where humans or wildlife have been exposed to potential EDSs. In Taiwan, high levels of PCB and PCDF through contaminated oil
resulted in several disorders in the children of exposed mothers (Rogan et al., 1988;
Guo et al., 1993). In Florida, the alligators (Alligator mississippiensis) in Lake
Apopka exhibit many reproductive and developmental abnormalities which have
been suggested to be caused by EDSs (Clark 1990). In Western gulls (Larus
occidentalis) in southern California skewed sex ratios with increased numbers of
females and abnormal nesting behavior have been observed (Fox 1992). In fish outside paper mill and sewage treatment plants, skewed sex ratios, decreased testosterone levels and vitellogenin production in male fish have been reported from different
parts of the world (Andersson et al., 1988; Munkittrick et al., 1991; Jobling and
Sumpter 1993). In many parts of the world it has been observed that gastropods
develop imposex (the development of a penis in females) when exposed to tributyltin
from antifouling paint on ships (Bryan et al., 1986).
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These observations have led to concern that environmental contaminants such as
PCB, DDT, pentachlorophenol and alkylphenols may act as EDSs. Exposure to
xeno- biotics with a potential to interfere with the normal hormone regulation may
result in diminished fertility, altered sex differentiation, changes in behavior and
altered cell differentiation leading to increased occurrence of cancer. Depending on
the life stage when exposure occurs any or all of these effects may be induced. EDSs
may thus induce changes in the normal development, cause different degrees of sex
reversal and affect behavior.
Hormones are a diverse group of molecules that together with the nerve system coordinate different functions in the organism. The word hormone is derived from the
Greek word horman, meaning to excite or stir up. Hormones are released by endocrine cells/organs and exert their action on other cells/organs after having been transported in the blood. Following synthesis in endocrine glands, hormones are released
into the circulation and distributed throughout the body. While neural signaling substances act over short distances, generally moving a fraction of a micrometer across
the synaptic cleft, hormones travel throughout the body in the circulation and may
act far away from the site of release.
In the present report we consider the steroid hormones, the thyroid hormones and the
retinoids. The steroid hormones are involved in the regulation of reproduction and
the development of secondary sex characteristics. The thyroid hormones are involved in growth and differentiation and hypothyroidism leads to retarded growth
and mental development. The retinoids are crucial for early embryonic differentiation and development and deficiency syndromes include effects on the reproductive
systems. In addition to these hormones, many other signaling systems are involved
during reproduction and developmental processes; and some of them act in concert
with these hormones. Together these signaling systems form a central unifying regulatory system used by cells and tissues to integrate information relating to their state
of differentiation and proliferation. Hormones may act locally and are sometimes
multifunctional mediators of cellular events and their functions cannot be fully understood in isolation. Nevertheless, in the present evaluation we focus on the steroid,
thyroid and retinoid signaling systems due to their proven critical roles in sex determination, reproduction and/or embryogenesis, and to demonstrated effects on these
signaling systems by chemical pollutants in the environment.
The focus on EDSs has been on their interaction with the hormone receptors and the
subsequent regulation of target genes. Following binding to the receptor, the chemicals may either stimulate or inhibit gene transcription in a manner similar to the
natural hormone or they may inactivate gene transcription by forming receptor-ligand complexes with conformations that are unfavorable for activation. Some sub-
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stances have, however, been found to exert both agonistic and antagonistic effects.
Compounds having different mechanisms of action may cause similar biological
changes. For instance, antagonists to the androgen receptor may give effects similar
to those caused by estrogen receptor agonists. Besides interaction with hormone
receptors, EDSs may interfere with transport proteins, alter the synthesis and biotransformation of hormones, have direct toxic effects on the gonads or have adverse
effects on the hypothalamus, the pituitary or endocrine glands.

HISTORICAL BACKGROUND TO THE PRESENT RESEARCH ON PERSISTENT
ORGANIC POLLUTANTS, CAUSING REPRODUCTIVE DISTURBANCES, IN SWEDEN
Persistent organic pollutants have long been indicated to be potential EDSs. Research on the occurrence and biological effects of persistent organic pollutants has a
long tradition in Sweden. The Swedish pathologist Karl Borg suggested already in
the 1950s that alkylmercury compounds could cause toxic effects in birds (Borg
1958). Seed-dressing with mercury salts had started around 1920 and alkylmercury
was introduced as a dressing agent in the end of the 1940s. High mercury levels in
dead white-tailed sea eagles (Haliaeetus albicilla) from the Baltic area were reported by Berg et al., (1966) and Henriksson et al., (1966). Westöö (1967) also identified methylmercury in bird eggs and other biological material. In the 1940s DDT
was introduced on a large scale. In the late 60s ecologists at the Swedish Museum of
Natural History started collecting material for monitoring of PCB and DDT levels.
At this time, Jensen identified PCB as a contaminant in biota (Jensen, 1966) and
high levels of DDT and PCB were subsequently found in various organisms from
marine environments, especially in white-tailed sea eagles from the Baltic area
(Jensen et al., 1969).
Synthesis of radioactively labelled and unlabelled individual chlorobiphenyls was
initiated by Carl-Axel Wachtmeister at the Wallenberg Laboratory, Stockholm University (Sundström and Wachtmeister, 1973), which facilitated experimental studies
of the toxicology of these compounds. By using the whole-body autoradiography
technique developed by Ullberg (1954), tissue distribution of various chlorobiphenyls was studied by Berlin et al., (1975) and Brandt (1977). Following administration of certain labeled chlorobiphenyls to mice, it was found that radioactive
substances accumulated in the respiratory and reproductive tracts. The compounds
in the airways were identified as methylsulfonyl metabolites of the chlorobiphenyls
(Bergman et al., 1979). The presence of methyl sulfone metabolites of DDE and
PCB in environmental samples had earlier been reported by Jensen and Jansson
(1976). The high concentrations of PCB and DDT observed in the Baltic at the beginning of the 1970s were suspected to be correlated to the observed decrease in
reproductive capacity of the animals (Olsson et al., 1975). In order to study the reproductive toxicity of these compounds, investigations on mice (Örberg et al.,
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1972; Kihlström et al., 1975) and mink (Mustela vison) were carried out (Jensen et
al., 1977). A number of studies on PCB toxicity in mink have been performed in
Sweden (Kihlström et al., 1992; Brunström et al., 1994; Bäcklin 1996).
In 1981, several 2,3,7,8-substituted polychlorinated dibenzo dioxins/furans (PCDD/
Fs) were detected in grey seals (Halichoerus grypus) from the Baltic (Rappe et al.,
1981). A broad survey of the dioxin contamination in Sweden was performed within
a project called “The Swedish Dioxin Survey” which was administered by the Swedish Environmental Protection Agency and funded by the Swedish government. Experimental work on the toxicology of dioxins includes, e.g., studies of their teratogenic, immunotoxic, and tumor promoting effects (Hassoun et al., 1984, Dencker et
al., 1985, Lundberg 1991, Flodström and Ahlborg 1989) as well as effects on retinoid levels and metabolism (Thunberg et al., 1979, Håkansson 1988, Hanberg 1996).
Nordic risk assessments of dioxins and polychlorinated biphenyls have been carried
out at the Institute of Environmental Medicine at the Karolinska Institute (Ahlborg et
al., 1988; 1992). Most of the research on persistent organic pollutants in Sweden has
been supported by the Swedish Environmental Protection Agency.
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2. HORMONE SYSTEMS

T

he genomic way of hormone action is to interact with nuclear receptors, which
in turn bind to specific DNA-regions and activate or inhibit the transcription of
specific mRNAs, leading to synthesis of specific proteins. Several intracellular hormone receptors have been isolated and characterized. They display a strong homology between each other and are regarded as a receptor-superfamily. It has been
shown that several different isoforms exist of each of the receptors in the steroid
hormone superfamily. The receptors activate genes through binding to a variety of
different gene response elements.
Nuclear hormone receptors can be divided into steroid and non-steroid hormone receptors. The steroid hormone receptors, including the estrogen, androgen and progesterone receptors, bind to DNA as homodimers, whereas the non-steroid hormone receptors,
including the receptors for thyroid hormones and retinoids, bind to their response elements either as homodimers or as heterodimers with the common partner, the retinoid X
receptor (RXR). The genes for the receptors and binding proteins are highly conserved
between species and show specific expressions in tissues and during development. The
nuclear hormone receptors share a common structure and have a common mechanism of
action. Receptors for many of these hormones have been cloned or identified from a
number of different species (Table 2.1).
The nuclear hormone receptors in the steroid superfamily (except the glucocorticoid receptor) are located in the nucleus even in the absence of bound ligands. Steroid, thyroid and retinoid receptors have all been shown to regulate gene activity in
the absence of hormone (Lees et al., 1989, Graupner et al., 1989, Tzukerman et al.,

T ABLE 2.1. Nuclear receptors in various species. Note: C = receptor(s) cloned,
B = receptors indicated to be present by binding studies.
ORGANISM

ESTROGEN

Mammals

C

ANDROGEN
C

PROGESTIN
C

THYROID

RETINOID

C

C
C

Birds

C

C

C

C

Reptiles

C

C

C

B

Amphibians

C

C

B

C

C

Bony fish

C

B

C

C

C

Cartilaginous
fish

B

B

B

Cyclostomes

B
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1990, Baniahmad et al., 1990, Zhang et al., 1991a, Bamberger et al., 1996). This
suggests that the receptors may have functions independent of their specific hormones.
In addition to the classical signaling pathway, recent research indicates that steroid
hormones, thyroid hormones and retinoic acid regulate cellular events through non
genomic pathways, such as membrane-receptor mediated signaling (Wehling 1994).
The presence of membrane receptors has been deduced from functional experiments, often where hormones exert actions too rapid to be accounted for by the genomic mechanisms.
The activity of hormonal systems may thus be regulated at a variety of different
levels, including the synthesis, transport, receptor interaction and excretion of the
hormones. The metabolism and action of hormones is outlined in Table 2.2.
TABLE 2.2. Overview of hormone metabolism and action.
SYNTHESIS

Conversion from cholesterol to steroid hormone and from tyrosine
to thyroid hormone. Retinoic acid is synthesized from dietary derived retinoids in situ.

TRANSPORT

Lipophilic hormones are transported bound to specific plasma transport proteins. For the hormones discussed these include the steroid
hormone binding globulin (SHBG), transthyretin, thyroid binding globulin (TBG) and retinoid binding protein (RBP) In addition,
dition, binding proteins transport retinol (CRBP) and retinoic acid
(CRABP) in the cell.

CONVERSION

For the steroid hormones and the retinoids there are several active
metabolites.

GENOMIC
PATHWAYS

Activation through the nuclear receptors. Differences between tissues and organs exist. Slow effects.

NON-GENOMIC
PATHWAYS

Activation through membrane receptors and other secondary pathways.
Differences between tissues and organs exist. Rapid effects.

EXCRETION

Hydroxylation and or conjugation through phase I and phase II reactions leading to increased water solubility.

In conclusion, hormone systems may regulate gene expression and physiological
functions by a multitude of different mechanisms. The presence of different pathways
may account for the high variation in the responses to different exogenous
compounds as will be discussed in Chapter 6.
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Nuclear receptors
The best known mechanism by which hormones act is by binding to specific receptors. These hormone receptors comprise the
nuclear hormone receptor family, which includes receptors for steroids, thyroid
hormones, vitamin D3 and retinoids (Evans
1988).
The receptors can be divided into six regions (A-F) with regard to amino acid similarities in different parts of the protein
(Krust et al., 1986). The most conserved region is the C region which is responsible for
the DNA binding specificity. The ligand
binding do- main is located in region E and
is also con- served. The mechanisms of action are similar for these hormone receptors
and below we use the estrogen receptor to
exemplify the general mechanisms. A
schematic representation of hormone receptors is given in Figure 2.1.
The main transcription-activating domain
of these receptors is located in the ligandbinding domain (E-region) in the C-terminus (Webster et al., 1988). The receptors contain two inde- pendent acidic transcriptional
activation function (AF) domains, AF-1 and
AF-2 (Tora et al., 1989, Lees 1989). AF-1 is
located in the N-terminal A/B-region and is
responsible for constitutive activation,
whereas AF-2 is hormone inducible and located within the E-region. The activities of

AF-1 and AF-2 are cell type-dependent.
Tora et al., (1989) proposed that these two
activate different stages in initiation of transcription. In that way an interaction between
different activating domains and different
components of the basic initiation complex
would be possible. It is not known how
these domains stimulate transcription but it
is probably through interactions with the
transcription complex.
The receptors are inducible transcription
factors that modulate specific gene expression by binding to short DNA sequences
located on hormone regulated genes. These
short DNA sequences are, in the case of estrogens, termed the estrogen response elements (ERE), and consist of inverted repeat
sequences with the core sequence TGACCT
(Parker 1990, Klein-Hitpass 1986, Klock et
al., 1987). The consensus sequence of an
ERE is 5'-AGGTCA nnnTGACCT-3'. Idealized EREs are organized as 2 half-sites and
mediate estrogen response. The half-sites
for hormone receptor binding have been determined and show that the receptors can be
divided into two major groups. Glucocorticoids, aldosterone, progesterone and
testosterone receptors all share the common DNA sequence TGTTCT, while estrogen, thyroid hormone, vitamin D3 and retinoid receptors all bind to TGACCT half-

Figure 2.1 Schematic drawing of the organization of receptors in the nuclear hormone superfamily. Regions are
defined as; A/B - N-terminal domain; C - DNA-binding; D - Hinge domain; E - Ligand binding and F - C-terminal
domain.
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sites (Umesono 1989). While the half-sites
are shared between different hormone receptors, the spacing in-between the two
half-sites may vary. It has been argued that
the hormone itself interacts with DNA,
thereby increasing the specificity of the
DNA interaction (Hendry and Mahesh
1995).
The palindromic nature of the hormone
response elements suggests that the receptors
bind their targets as dimers (Kumar and
Chambon 1988). A region within the hormone binding domain has been identifiedto
be required for both hormone receptor dimerization and high affinity DNA-binding
(Fawell et al., 1990). Experiments using

point mutation of the murine ER has shown
that there is a direct correlation between the
ability of the different mutants to dimerize
and their ability to bind to DNA (Fawell et
al., 1990).
A recent hypothesis is that hormonal
ligands in the steroid superfamily may act
through insertion between base pairs in
partially unwound DNA (Hendry and
Mahesh 1995). This insertion hypothesis
suggests that receptor bound ligands facilitate DNA unwinding, stereospecific control
of donor/acceptor functional groups on the
DNA followed by insertion and release of
the ligand between base pairs at 5'-TG-3'-5'CA-3'.

STEROID HORMONES

T

he steroid hormone family consists of different groups that are recognized by
their physiological functions. In this report we are addressing three systems.
They include the female secondary characteristic inducing hormones, estrogens
(mainly 17β-estradiol, but also estrone and estriol); the male counterpart, androgens
(mainly testosterone and its derivative 5α-dihydrotestosterone) and the progestins
essential for pregnancy (progesterone, 17-hydroxyprogesterone and 17,20-dihydroxyprogesterone). In addition to regulating reproductive systems, the sex hormones also have effects on many other functions, such as growth, hemoglobin
production and calcium metabolism in the skeleton.
Besides being synthesized in gonads, a number of steroid hormones are synthesized by the adrenal cortex. In zona reticularis glucocorticoids and small amounts of
adrenal sex hormones are produced. The major part of the adrenal sex steroids are
androgens but small amounts of estrogens and progesterone are also produced.
Adrenal androgens are of little physiological importance in the male, but in adult
women they are thought to play a role for the sex drive. When secreted in abnormal
amounts, as in patients with congenital enzyme deficiencies in the adrenal gland or
in patients with adrenal tumors, they have effects that depend on the sex and age of
the individual. In prepubertal males and in females the effects can be dramatic. Females may develop a beard, a masculine pattern of body hair distribution and the
clitoris may grow to resemble a small penis.
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Estrogens
Estrogens have a central role in the control of both female and male reproduction.
The estrogens are biosynthetically formed from androgens. They fulfill a range of
roles in humans, some of which are only recently beginning to be understood. Estrogens do not only occur in females, but are also present in the male though generally
at much lower levels. The naturally occurring estrogens are 17β-estradiol, estrone
and estriol. These three are all C18-steroids.
Estrogen synthesis is regulated via the hypothalamo-hypophyseal-gonadal axis.
Gonadotropin-releasing hormone is secreted from the hypothalamus and stimulates
the pituitary to release gonadotropins into the blood, which subsequently stimulates
the follicle cells in the ovaries to synthesize and secrete estrogens.
Once estrogen has entered the cell, it may bind to the estrogen receptor. Following
binding, the receptor-ligand complex elicits its effect in the nucleus by upregulating
the synthesis of different gene products. The expression of the estrogen receptor is
tissue-specific as well as developmentally regulated (Kuiper et al., 1996). It is interesting to note that a novel prostate and ovary specific estrogen receptor (ER) has
recently been cloned from rat (Kuiper et al., 1996). It is possible that the different
estrogen receptors may have different ligand binding and transactivating properties.
Furthermore, estradiol stimulates the synthesis of its own receptors (Mommsen and
Lazier, 1986).
Recent studies of estrogen receptor mediated gene regulation have revealed that
estrogenic responses are mediated by a multitude of different pathways and that the
estrogen receptor may regulate gene activity in the absence of estrogen (Tzukerman
et al., 1990, Sukovich et al., 1994).

REPRODUCTION AND DEVELOPMENT
Estrogens regulate the growth of the ovarian follicles and increase the motility of the
uterine tubes. They also increase uterine blood flow and increase the smooth muscle
mass of the uterus. Estrogens regulate the growth of the endometrium. It has been
suggested that this is due to upregulation of the progesterone receptor (Bamberger et
al., 1996). Estrogens produce duct growth in the breast and are important for estrous
behavior in most mammals, apparently through acting directly on certain neurons in
the hypothalamus. During puberty, estrogen is partially responsible for the development of breasts, uterus and vagina. Other effects of estrogen include induction of
pigmentation of the areolas and retention of salt and water prior to menstruation.
Estrogen is necessary for the differentiation of female secondary sex characteristics. In the fetal brain amortization of androgens to estrogens is believed to be of
importance for male sexual brain differentiation and later on for sexual behavior.
The estrogen receptor is present already at the blastula stage and estrogen is pro-
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duced at blastula implantation (Dickman and Day 1973, George and Wilson 1978,
Hou and Gorski 1993). These studies indicate that both estrogen and estrogen receptors may be involved in early embryo development. It has been suggested that
one effect of estrogen during early development may be regulation of Müllerian inhibitory hormone (MIH) and this is supported by the presence of a putative estrogen
response element in the MIH gene promoter (Guerrier et al., 1990).
In mice, it has been shown that the intrauterine position during fetal life has an
impact on the behavior later in life (vom Saal 1989a). Female mice which developed
between two males, in utero, were found to have a more aggressive behavior (more tailrattling) than females which had developed between two females (Palanza et al., 1995).
The steroid hormone levels were also observed to be dependent on the positioning in
utero. Thus, for instance, a male that developed between two males had higher testosterone levels than a male that developed between two females (vom Saal 1989a) and was
also found to be more aggressive. Several other behavioral effects were also seen in these
experiments, including effects on sexual activity, infanticide and reproductive capacity
(vom Saal and Moyer 1985; vom Saal 1989a, vom Saal 1989b, Palanza et al., 1995).
Since mouse embryos share a uterus, the steroids are able to pass between fetuses via
diffusion through the amniotic fluid across the fetal membranes. The diffusion of steroids
is believed to cause the changes in behavior observed in these mice, showing the importance of steroids in behavioral development.

Androgens
Testosterone is synthesized from cholesterol in the Leydig cells of the testis but also
from androstenedione secreted by the adrenal cortex. All natural androgens are C19steroids. The naturally occurring androgens are testosterone and 5α-dihydrotestosterone in mammals. In teleosts 11-ketotestosterone is also present and has been
shown to stimulate development of male characteristics. Androgens increase protein
synthesis and stimulate growth leading to increased growth rate.
Like estrogen, testosterone works primarily through interaction with nuclear receptors. The classic androgen receptors in mammals are intracellular and exert their
effects via the genom (Bolander, 1989). The androgen receptor is regulated by endogenous levels of hormones. There are some conflicting data on the effect of androgens on androgen receptor mRNA levels (Jänne and Shan 1989; Abdelgadir et al.,
1993; Gonzales-Cavadid et al., 1993). In vivo it appears that both testosterone and
5α-dihydrotestosterone down-regulate the androgen receptor mRNA levels. However in vitro it appears that testosterone down-regulates the androgen receptor while
5α-dihydrotestosterone upregulates it (Lin et al., 1993; Gonzales-Cavadid et al.,
1993). The exact mechanism for androgen regulation of the androgen receptors still
remains to be elucidated.
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REPRODUCTION AND DEVELOPMENT
Androgens stimulate the appearance of masculine traits such as differentiation of
male reproductive tracts, secondary male characteristics and spermatogenesis. 5αdihydrotestosterone is more potent than testosterone in stimulating virilisation of the
outer genitalia and growth of the prostate gland (Wilson 1992). The major conversion site of testosterone is the prostate gland where over 90% is converted to 5αdihydrotestosterone by 5α-reductase. The production of 5α-dihydrotestosterone can
be blocked with the aid of specific inhibitors (Mellin et al., 1993). Testosterone is
responsible for male reproductive behavior and castration has been shown to diminish this behavior.
Production of testosterone during early development is necessary for the development of male genitals from the primordial genital ducts. Absence of testosterone
leads to default development of female genitals. Testosterone is produced from the
Leydig cells of the fetal testis while the Sertoli cells produce Müllerian inhibiting
hormone. Both are necessary for development of male secondary sex characteristics. The development of male behavior is believed to occur in response to a peak in
testosterone following birth. In rats it has been shown that exposure of females to
androgens during the first days following birth results in male behavior.

ANDROGENS IN TELEOST FISH
Teleosts utilize 11-ketotestosterone in addition
to the mammalian type androgens. The hormone systems vary markedly between different
teleost species. Testosterone is produced in
the gonads of both sexes and displays increased plasma levels in prespawning and spawning
fish. For a detailed account of the teleost hormone systems there are reviews available on
gonadal steroids and androgens in teleosts
(Fostier et al., 1983, Borg 1994). In most studied fish, including salmonids, the testosterone
levels are higher in females than in males.
However, the 11-oxygenated androgens, mainly 11-ketotestosterone occur at higher levels in

males than in females. They are effective in stimulating male secondary sexual characteristics and at least in some fish, spermatogenesis
and male reproductive behavior.
Receptors for testosterone have been found
in some organs in fish, but the physiological
function of testosterone is largely unknown. No
traditional steroid receptors have been found
for 11-ketotestosterone. As far as is known, 11oxygenated androgens appear to be important
hormones only in teleosts and sturgeons. In addition gonadal steroids and/or their derivatives
have been shown to have a pheromonal function in many fish.
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Progesterone
Progesterone, a C21-steroid, is formed from cholesterol and is converted from pregnenolone by 3β-hydroxysteroid dehydrogenase. It is an important intermediate in
steroid hormone synthesis. Progesterone is secreted by the corpus luteum, placenta,
the follicles and apparently also by the testes and adrenal cortex. The function of
progesterone in males may only be as a biosynthetic intermediate. The hormone acts
primarily on the uterus, breasts and brain.
There are two progesterone receptors and they have been shown to be generated
from one single gene by alternative promoter usage (Kastner et al., 1990). The progesterone receptors are regulated by estrogen and possibly by glucocorticoids as
well (Jeltsch et al., 1990). It has been shown that the B-isoform of the human progesterone receptor contains an N-terminal autonomous transactivation domain that
is lacking in the A-isoform (Sartorius et al., 1994). This indicates that the two isoforms may perform different functions.

REPRODUCTION
Progesterone secretion is increased by luteinizing hormone and prolactin. It is responsible for the progestational changes in the endometrium and the cyclic changes
in mucus secretion in the cervix and vagina. Progesterone has antiestrogenic effects
on the myometrial cells and also decreases the number of estrogen receptors in the
endometrium. In breasts, progesterone stimulates the development of lobules and
alveoli, induces differentiation of the ducts and maintains secretory functions during
lactation.
Progesterone is involved in the regulation of endometrial proliferation and differentiation. Progestins have been shown to block estrogen induced uterine growth in
rats (Kraus et al., 1993). Furthermore, the addition of antiprogestins, such as RU
486, prevent this progesterone mediated inhibition of uterine growth (Kraus et al.,
1993). Estrogen has been shown to upregulate the progesterone receptor in the uterus
(Manni et al., 1981) and both progesterone and estrogen have been shown to downregulate the uterine estrogen receptor (Manni et al., 1981, Hsueuh et al., 1976).
In a study using an endometrial adenocarcinoma cell line derived from epithelial
cells it was shown that transfection with the progesterone receptor resulted in gene
activation in the absence of progesterone (Bamberger et al., 1996). Addition of progesterone inhibited this activation. The estrogen receptor did not activate the studied
genes, and estrogen did not block the progesterone receptor induced gene activity.
The effect of progesterone receptors on endometrial proliferation in the absence of
progesterone may thus be to regulate the hyperplasia of the endometrium during the
early parts of the menstrual cycle. The increase in progesterone levels during the
later part may explain the reversal of this effect.
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PROGESTINS IN TELEOST FISH
In salmonid fish the main progestin is 17hydroxy-20-dihydroprogesterone while other
fish often have other types. These hormones
occur in both sexes. In salmonids 17-hydroxy-

20-dihydroprogesterone stimulates ovulation in
females and spermiation (production of running
milt) in males. 17-Hydroxy-20-dihydroprogesterone exerts its effects via membrane receptors.

Steroid hormone
biochemistry
SYNTHESIS AND CATABOLISM
Steroid hormones are synthesized from
cholesterol that, in turn, may be synthesized
in steroidogenic tissues from acetate. Most
of the cholesterol is however derived from
low density lipoproteins or from high density lipoproteins. Free cholesterol is insoluble in the cytosol and is transported into the
mitochondria by sterol carrier protein. Once
it has reached the mitochondria, cholesterol
can be cleaved into pregnenolone by cytochrome P450scc (side chain cleavage). This
first conversion of cholesterol is a rate limiting step in steroid hormone synthesis. Following this step, pregnenolone can be modified to either progesterone or to 17OHpregnenolone. Regardless of which of these
pathways that is used, both cytochrome
P450c17 and 3 -hydroxysteroid dehydrogenase are needed for the production of androstenedione. Testosterone is then synthesized from androstenedione. Finally a cyto-

chrome P450 enzyme (aromatase) converts
testosterone into estradiol. Aromatase is of
particular interest since regulation of its activity influences the ratio of testosterone to
estrogen which in turn is important for the
development of sex specific traits in many
vertebrates.
Finally the hormones need to be removed
from the circulation and excreted. This is
usually done by sulfate conjugation leading
to inactivation and excretion via the urine.
Sulfatation is thus an important pathway in
the biotransformation of steroid and thyroid
hormones. In humans there are several
forms of sulfotransferase enzymes. These
include the dehydroepiandrosterone sulfotransferase and two forms of phenol sulfotransferase. Dehydroepiandrosterone-sulfotransferase catalyses the sulfation of steroids such as dehydroepiandrosterone, estrone and estradiol.
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CYTOCHROME P450 MEDIATED METABOLISM
Cytochrome P450s (CYP) are key enzymes in
steroid synthesis but are also involved in the
metabolism of other endogenous compounds,
such as retinoids, thyroid hormones, fatty
acids, prostaglandins, leukotrienes and biogenic amines. Many forms of CYP are also involved in the metabolism of foreign chemicals
(xenobiotics) such as drugs, environmental
pollutants and natural plant products. CYP
comprises a multigene family of hemoproteins
found in large abundance in the endoplasmatic
reticulum of the liver, but can also be found in
other tissues, although to a considerably lesser
extent. CYP constitutes the monooxygenase
(MO) system together with the membrane
bound NAD(P)H-cytochrome c reductase, NAD
(P)H-cytochrome b5 reductase and cytochrome b5. The oxidative biotransformations
performed by the P450 MO system are also

Transport
Following secretion the steroid hormones
bind to circulating plasma proteins. Since
the steroid hormones are lipophilic they require protein binding in the plasma in order
to be distributed throughout the body. The
steroids bind specifically to two high
affinity steroid-binding proteins, the sexhormone-binding globulin and corticosteroidbinding globulin (Hammond 1993;
Hammond and Bocchinfuso 1995), and
nonspecifically to albumin. Be sides binding to the above mentioned transport proteins, progesterone also binds to corticosteroid-binding globulin. Testosterone has a
higher affinity to sex-hormonebinding globulin than either estrogen or progesterone.
The free, or unbound, fraction of the steroid
hormones is considered to represent the bio-
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referred to as phase I reactions. These reactions are normally followed by conjugation
reactions (also called phase II reactions) with a
polar endogenous compound such as glutathione, glucuronic acid, sulfate or amino acids
to facilitate excretion of the compounds.
A number of compounds are known to induce or inhibit the CYP system and/or the phase II
enzyme reactions and can thus interact with the
synthesis and biotransformation of hormones.
Different compounds may however induce different forms of CYP and phase II conjugating
enzymes. The inducible forms of CYP belong to
the gene families CYP1 (polyaromatic hydrocarbon, PAH), CYP2 (phenobarbital/ethanol),
CYP3 (steroid) or CYP4 (clofibrate). Examples
of inducers of the different families are given in
parenthesis.

logically active fraction since it may enter
target tissues/organs through diffusion from
the capillaries.

Mechanism of action
DIRECT CONTROL OF GENE
EXPRESSION

Steroid hormones regulate gene expression
by interacting with specific intracellular receptors. These receptors are specific for the
different hormones but may exist in multiple isoforms. Thus, there are at least two
different isoforms of the estrogen receptor,
the ERα and the ERβ, that are derived from
different genes (Kuiper et al., 1996). The
different isoforms of androgen and progesterone receptors have on the other hand

been shown to be different translation products from the same gene. The presence of
different isoforms of steroid hormone receptors may be important for tissue specific
functions.
Steroid hormones have been suggested to
have a dual function in the mechanism by
which the receptors activate transcription.
As seen for estrogen, it may be an “unmasking” of the DNA-binding domain of
the receptor since both ER-estrogen-complexes and ER-antiestrogen-complexes promote tight nuclear binding (Webster et al.,
1988). Estrogen also appears to be required
to activate a transcription-activating domain
located within the hormone-binding domain
(Webster et al., 1988). The antagonistic
effects of the antiestrogens may be based on
their inability to induce the transcription
activation function of the ER (Webster et
al., 1988).
Some substances have been found to exert
both agonistic and antagonistic effects. This
is most notable with many pharmaceutical
chemicals such as tamoxifen and raloxifene.
It is believed that tamoxifen induces estrogenic responses through the N-terminal
activation domain in the estrogen receptor,
while it inhibits by blocking the C-terminal
activation domain. The activation through
the N-terminal domain is enough to give a
weak estrogen response and tamoxifen has
for instance been found to induce vitellogenesis in fish (White et al., 1994). However, when tamoxifen competes with estradiol for the binding to the receptor it
down-regulates the vitellogenin response
(White et al., 1994).
While tamoxifen is effective in treatment
of hormone-dependent breast cancer, due to
its estrogen antagonistic effects, the agonistic effects observed in the uterus indicate
that tamoxifen treatment may not be without side effects. In a study of estrogen-induced calbindin-D gene expression Blin et
al., (1995) observed that tamoxifen had
both agonistic and partial anti-agonistic ef-

fects in ovariectomized rat uterus. Since
tamoxifen is a weak estrogen-agonist in uterus there has been concern that tamoxifen
treatment may promote uterine cancer.
Besides tamoxifen, raloxifene has also
been shown to be an estrogen antagonist in
breast tissue. However in contrast to tamoxifen, raloxifene is an antagonist in the
uterus as well. Both substances function as
agonists in bone tissue (Sato et al., 1996;
Yang et al., 1996). There are thus distinct
tissue specific patterns in the effects of
estrogen, tamoxifen and raloxifene on
breast, uterus and bone. Recent research has
shed some light on the possible regulatory
mechanisms behind these tissue specific effects of different pharmaceuticals and environmental endocrine disrupters.
The effects of estrogen in bone have been
suggested to be independent of the classical
genomic estrogen response elements (Yang
et al., 1996). Instead of activating transcription through EREs, raloxifene confers
its activity in bone through a new class of
response elements, called raloxifene response elements (RRE) found in for instance the TGF-b3 gene. Yang and co-workers (1996) found that estrogen did not bind
to RRE and activate TGF-b3 transcription.
However, an intermediate metabolite of
estrogen, 17-epiestriol did activate TGF-b3
in bone. This indicates that estrogen byproducts may be the active forms in some
tissues and that activation may be achieved
through alternative genepromoter elements.
Since raloxifene is antagonistic in breast
yet agonistic in uterus tissue there may be
yet other mechanisms governing the tissue
specificity of estrogens. It is therefore interesting to note that a novel prostate and
ovary specific estrogen receptor (ERβ) has
recently been cloned from the rat (Kuiper et
al., 1996). Different estrogen receptors may
have different ligand binding and transactivating properties. The presence of different pathways may account for the high
variability in responses to different exoge-
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nous compounds as will be discussed below.
The observed differences in tissue specific
responses to estrogen antagonist and agonists may be dependent on which estrogen receptor that is being expressed, on which
form of estrogen that is active and on which
gene-promoter element that the receptor or
the receptor-complex interacts with.
Another mechanism by which hormone
receptors may be regulated is phosphorylation. Phosphorylation of the human ER by
MAP kinase pathways may influence receptor action by a mechanism other than the
estradiol-dependent phosphorylation of human ER by casein kinase II (Arnold et al.,
1995.). Phosphorylation of the ER has been
correlated with nuclear retention and
specific DNA binding (Denton. et al.,
1992). Steroid receptors may therefore not
only regulate gene-expression following
hormone-binding, but also in response to
changes in the cellular milieu, through
activated MAP kinase or AP-1.
It has been shown that the ER may bind to
ERE and regulate gene activity in the
absence of ligand (Lees et al., 1989, Tzukerman et al., 1990). Tzukerman and coworkers (1990) described two novel regulatory functions of the human ER, one constitutive activator function and one DNA
binding function which enables the ER to
bind and repress other activators of the ERE
in the absence of estrogen. Thus, by binding
to ERE in the absence of estrogen the receptor may function as a silencer of certain
genes while allowing a constitutive basal
activity of other genes.

Indirect control of gene expression
In some instances steroid hormones have
been shown to exert effect on cells and tissues void of nuclear steroid hormone receptors. In many cases the responses in
these regions have been too rapid to be
attributed to transcriptional activation.
These effects are believed to occur via
membrane receptors. Thus, besides the

28

classical activation pathway involving cytosolic receptors, steroids have also been indicated to exert effects at the cellular mem
brane. Of special interest are the effects of
estrogens and androgens on the development of the brain. Testosterone has been
indicated in numerous studies to affect both
behavior and neuroendocrine function of
the brain. In the rat, it has been indicated
that testosterone alters the pattern of estrogen receptor expression in the brain (Kühnemann et al., 1995).
Progesterone was reported to be active as a
sedative already in 1941 by Seyle (1941). It
has since been found that the inhibitory
effect of steroids results from interaction
with the gamma-aminobutyric acid-A
(GABAA) receptor, a class of ligand-gated
Cl- channels, mediating inhibitory activity
in the brain (reviewed by Paul and Purdy
1992; Sieghart 1992). In the hypothalamus,
estradiol increases the turnover and release
of GABA as well as the activity of GAD
(glutamic acid decarboxylase) (Mansky et
al., 1982; Duvilanski et al., 1983; Jarry et
al., 1986).Thus, steroid hormones appear to
be involved in GABAergic neuron activity
by increasing the transcription of GAD
mRNA thereby increasing the GABA synthesis, by increasing the presynaptic release
of GABA and by prolonging the opening
time of the post synaptic GABAA receptors.
Taken together these effects indicate a dramatic effect of steroid hormones on the
GABA activity. Recently a membrane progesterone has been identified in the plasma
membrane of Atlantic croaker (Micropogonias undulatus) and spotted seatrout (Cynosion nebulosus) (Thomas et al., 1997). It has
been indicated to be of importance for
sperm motility in fish and recent evidence
suggests that mammalian sperm also possess progeserone receptors (Thomas et al.,
1997).
Several studies have now shown that steroids may bind to different membrane receptors including calcium channels, chloride

channels, muscarinic receptors and histamine receptors (Ben-Baruch et al., 1982;
Brandes and Bogdanovic 1986; Hardy and
Valverde 1994; Mermelstein et al., 1996).
NIH3T3 fibroblast cells, permanently
transfected with MDR1 (multi drug resistant) cDNA, become insensitive to colchicine. When these NIH 3T3MDR cells were
treated with estradiol, progesterone or
tamoxifen in the presence of colchicine, it
was found that estrogen inhibited chloride
channels while antiestrogens activated them
when the compound was added in the media
(Hardy and Valverde 1994). This suggests
that estrogens and antiestrogens may interact with the large conductance chloride
channels.
17β-estradiol has been shown to reduce
the calcium current in primary cultures of

neostriatal neurones from rats (Mermelstein
et al., 1996). Using whole-cell patch-clamp
techniques 17β-estradiol was found to reversibly reduce Ba2+ entry through Ca2+
channels. The reduction of Ba2+ entry
through Ca2+ channels is greater in female
than in male rat neurones (Mermelstein et
al., 1996). By conjugating 17β-estradiol to
bovine serum albumin and thereby inhibiting cellular uptake, it was shown that the
signals were mediated at the membrane surface. The hormonal effect on the calcium
current was indicated to occur via G-protein
activation (Mermelstein et al., 1996).
The above observations thus indicate that
steroids have specific, rapid and non-genomic effects at the cellular membrane
through interaction with binding sites
distinct from the nuclear receptor.

THYROID HORMONES

T

he actions of thyroid hormones in higher organisms are critical for normal
growth, differentiation and metabolic regulation (Legrand, 1986). Some of the
most prominent effects of thyroid hormones occur during fetal development and
early childhood. In humans, the requirements for thyroid hormones during development are shown dramatically in the syndrome of cretinism in which fetal hypothyroidism, often combined with maternal hypothyroidism, causes irreversible
mental retardation and growth retardation if not treated early. Similarly, childhood
hypothyroidism is characterized by striking impairment of linear growth. In adults,
the primary effects of thyroid hormones are apparent by alterations in metabolism.
Clinical features of hypothyroidism such as slowed mentation and speech, depression, hypothermia, skin changes, bradycardia, constipation, and reproductive dysfunction serve as reminders that thyroid hormones cause pleiotropic effects on
many different organ systems.
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The thyroid hormones are largely transported in the blood bound to thyroid binding globulin and transtyretin (Robbins et al., 1978). In adult rodents lacking thyroid
binding globulin, more thyroid hormone is free of protein binding and therefore will
be metabolized and excreted more easily. As a result, the half-life of thyroxine (T4) in
the rat is only about 12–24 hr in contrast to 6–7 days in humans. To compensate for
increased turnover of thyroid hormone and to maintain physiological levels, the rat
pituitary secretes more thyroid-stimulating hormone: As a comparison, the human
baseline serum thyroid-stimulating hormone level is about 2.5 µU/ml, whereas in
rats it ranges between 55 and 65 µU/ml in males and between 36 and 41 µU/ml in
females. The resulting serum T4 levels are 15–20 times higher in rats compared to
humans.
The control of thyroid hormone synthesis and excretion is affected by a sensitive
feedback mechanism that responds to changes in circulating levels of T4 and triiodothyronine (T3). The regulation system includes in addition to the thyroid gland also
the hypothalamus and the anterior pituitary of the brain. An important peptide in this
feedback system is the thyroid-stimulating hormone, which is secreted by the anterior pituitary gland and causes the thyroid to initiate new thyroid hormone synthesis and excretion. The effects of TSH on the thyroid appear to be the consequence of
binding to cell-surface receptors and activation of adenyl cyclase and protein kinase
with subsequent phosphorylation of cellular proteins. Cyclic adenosine monophosphate (cAMP) can mimic most of the actions of thyroid-stimulating hormone on
thyroid cells. The rate of thyroid-stimulating hormone released from the pituitary is
controlled by the amount of thyrotropin-releasing hormone secreted by the hypothalamus, and by the circulating levels of T4 and T3. If the levels of thyroid hormones
are decreased, this will stimulate the secretion of thyroid-stimulating hormone leading to restoration of thyroid hormone levels; on the other hand, if exogenous thyroid
hormone is administered, thyrotropin-releasing hormone secretion is suppressed and
the thyroid will become inactive and eventually regress.
Studies on the regulation of thyroid-stimulating hormone output from the pituitary
have indicated that a link exists between T3 nuclear receptor occupancy and the
mRNA levels for the thyroid-stimulating hormone subunit chains; administration of
exogenous T3 resulted in decreases in thyroid-stimulating hormone mRNA levels in
the pituitary.
Furthermore, thyroid hormone responsive tissues contain a variable number of nuclear receptors for thyroid hormones (mainly T3), usually several thousands per cell.
Under euthyroid conditions in the rat, usually about 30–50% of the sites are
occupied by T3, although in the pituitary about 80% of the sites are filled. The T3receptor complex is quite labile with a half-life of ca 15 min.
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Biochemistry
Synthesis
The thyroid hormones are synthesized in
the thyroid gland and are stored as amino
acid residues of thyroglobin, a complex glycoprotein constituting most of the colloid in
the thyroid follicles. (The thyroid follicles
consist of epithelial cells, thyrocytes, that
surround a noncellular, proteinaceous substance, the colloid.) The first stage in the
synthesis of the thyroid hormones is the uptake of iodide from the blood by the thyroid
gland. The uptake requires energy and is effected by the so-called “iodide pump”. Under normal conditions the thyroid may concentrate iodide up to about 50-fold its concentration in blood. Iodide uptake may be
blocked by several anions (e.g. thiocyanate
and perchlorate) and, since iodide uptake involves concurrent uptake of potassium, it
can also be blocked by cardiac glycosides
that inhibit potassium accumulation. In the
next step, iodide is oxidized to an active iodine species that in turn iodinates the tyrosyl
residues of thyroglobin. The reaction is catalyzed by a heme-containing peroxidase in
the presence of hydrogen peroxide. The major products consist of diiodotyrosyl (DIT)
residues, but monoiodotyrosyl (MIT) peptides are also formed. Additional reactions
(which are thought to be catalyzed by the
same peroxidase enzyme) involve the coupling of two DIT residues or of one DIT and
one MIT residue, and lead to peptides containing residues of the two major thyroid
hormones, i.e. thyroxine (T4) and triiodothyronine (T3).
The release of T4 and T3 from thyroglobulin is effected by endocytosis of colloid
droplets into the follicular epithelial cells
and subsequent action of lysosomal proteases. The free hormones are subsequently
transported out from the epithelial cells into
the circulation. Although T4 is by far the
major thyroid hormone excreted by the thy-

roid (normally 8 to 10 times the rate of T3),
it is usually considered to be a prohormone.
Thus, T3 is about fourfold more potent than
T4, and about 33% of the T4 secreted undergoes 5'-deiodination to T3 in the peripheral
tissues; another 40% undergoes deiodination of the inner ring to yield an inactive
material, reverse triiodothyronine (rT3).

Transport
After entering the circulation, both T4 and
T3 are transported bound, although not covalently, to plasma proteins (Robbins, 1991,
De la Paz et al., 1992). In man, the major
carrier protein is thyroxine-binding globulin (TBG), a glycoprotein that forms a 1:1
complex with the thyroid hormones. TBG
has a high affinity for T4 (Ka about 1010 M)
and a lower affinity for T3. This specific carrier protein is not present in rodents, cats
and rabbits. Thyroxine-binding prealbumin,
more often called transthyretin (TTR), and
albumin also transport thyroid hormones in
the blood; TTR has Ka values of about 107
and 106 M for T4 and T3, respectively. In the
blood, TTR forms a complex with retinolbinding globulin, and this complex will
therefore transport both thyroid hormones
and retinol. In the normal situation, only ca
0.03% of the T4 in the circulation is free and
available for cell membrane penetration and
thus hormone action, metabolism, or excretion. The levels of free thyroid hormones in
the circulation may be changed through
competitive binding interactions of certain
drugs and other foreign compounds.
As indicated above, TTR is the major thyroid hormone transporter in rodents. However, during early stages of development
TBG is expressed also in (at least some of)
these animals (demonstrated in the euthyroid mouse). Between day 16 of fetal and
day 60 of postnatal life, T4 and T3 binding in
sera shows a striking ontogenic pattern,
which largely could be explained by the presence of TBG: in fetuses, plasma protein
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binding of thyroid hormones are 2–3 times
higher than in mothers, and the binding further increases after birth, reaching between
3 and 5 days maximum values which are 7–8
times higher than the adult ones. It could be
noted that the biosynthesis and/or secretion
of TBG, but not of TTR, is under thyroidhormone control, and experimental hypothyroidism will induce a marked increase in
the serum TBG. The presence of TBG during early rodent developmental stages will
make this model more attractive in extrapolating experimentally obtained thyroid
hormone effects to man.

Metabolism and excretion
T4, the major hormone secreted from the
thyroid, is considered a prehormone and is
converted to the more active T3 by a 5'monodeiodinase in a variety of peripheral
tissues, including the pituitary. T4 is also
metabolized to rT3 which is hormonally
inactive and has no known function (except
perhaps in feedback regulation). Under normal conditions the half-life of T4 is 6 to 7
days in humans. Degradative metabolism of
the thyroid hormones occurs primarily in
the liver and involves conjugation with
either glucuronic acid (mainly T4) or sulfate
(mainly T3) at the phenolic hydroxyl group.
The resulting conjugates are excreted in the
bile into the intestine. A portion of the conjugated material is hydrolyzed in the intestine, and the resulting free hormones are
reabsorbed into the blood. The remaining
conjugated material is excreted in the feces.

Mechanism of action
Direct control of gene expression
The thyroid hormones act predominantly at
the pretranslational levels selectively affecting gene expression, and this is achieved by
the binding of T3 to nuclear receptors closely associated to chromatin. The nuclear
thyroid hormone receptors (TR) act as
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ligand-regulated transcription factors, which
in turn act upon thyroid hormone response
elements (TREs) in specific target genes. To
some extent, thyroid hormone receptors act in
conjunction with other hormone receptors
(dimer formation) causing a modulation of the
TRE-mediated binding to DNA. This suggests
a possible complex regulation of gene expression with interactions (“cross-talk”) between different hormone receptors and their
response elements. The binding of T3 to the
TREs regulates transcription of adjacent target genes. Changes in gene transcription are
reflected in alterations in mRNA levels and,
subsequently, changes in protein biosynthesis.
A number of genes that respond to thyroid
hormone, either by being activated or repressed, have been identified.
What are the consequences of TR binding
to TREs? In the absence of T3, TRs generally have an inhibitory effect on basal gene
transcription. Upon T3 binding to the receptor, con formational changes will relieve
basal repression and cause additional transcriptional enhancement. In this way, the
TR acts as a potent transcriptional switch
which can exert both repressive and stimulatory effects on transcription depending
upon T3 occupancy. The mechanism of induction is also suggested to involve other
proteins which could modulate transcription (e.g. transcriptional adapter proteins).
Different forms of TRs have been isolated,
TRα and TRβ. These two receptor isoforms
are encoded by separate genes that are located on chromosomes 17 and 3, respectively. Both receptors bind thyroid hormones
with high affinity, but differ in some properties. Through splicing additional isoforms
would be created, and several subforms of
both TR classes have been identified (e.g.
TRα1 and α2; TRβ1 and β2). Notably,
TRα2 no longer binds thyroid hormone,
and therefore has been proposed to be a endogenous inhibitor of thyroid hormone receptor function. In general, the α and β receptor isoforms are distributed widely and

show overlapping patterns of expression.
Spleen and testis are notable for their relative deficiencies of a1 and b1 receptors, a
fact that could be correlated to data indicating that these tissues have minimal metabolic responses to thyroid hormone. TRβ2
is expressed predominantly in the pituitary
and the hypothalamus. The α 2 isoform is
highly expressed in many tissues, particularly brain, kidney and testis.
Although TR can bind to selected DNA sequences as monomers, they generally bind
with greater affinity as homodimers or as
heterodimers with structurally related nuclear receptors. In addition to the thyroid
hormone itself a variety of dimerization
partners has been identified, and all are
members of the nuclear receptor family. Examples are the RXRα, β and γ, i.e. retinoic
acid receptor-related proteins. Other proteins (e.g. RAR) also dimerize with TR,
although probably less well than RXRs. The
binding of dimerization partners, such as
RXR, will enhance receptor binding to
DNA. We know that the tissue distribution
of various RXR isoforms differs, but it is
not clear whether there are differences in

transcriptional enhancement of thyroid hormone receptor function by different partners. To conclude, ligands that bind to the
dimerizations partners of TR have the potential of modulating transcriptional responses to TRs.
There is also suggested to exist a significant relationship between thyroid and estrogen hormones: a strong similarity exists
between estrogen and thyroid hormone response elements (ERE, TRE) in target genes. It has been demonstrated that in the
absence of TRs the TRE behaves similarly
to imperfect EREs, which can synergize to
mediate a strong estrogen-dependent activation of transcription. In the presence of TRs,
however, the estrogen response from the
TRE is strongly repressed.

Indirect control of gene expression
Thyroid hormones have been indicated to
regulate cellular events through membranereceptors (Wehling 1994). The presence of
membrane receptors has been deduced from
functional experiments, often where hormones exert actions too rapid to be accounted for by the genomic mechanisms.
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RETINOIDS

R

etinoids play a continuing role in many aspects of adult life, including normal
growth and metabolism, vision, maintenance of numerous tissues, reproduction
and overall survival (for review see Wolf 1980, Underwood 1984, Gudas et al.,
1994). In addition, retinoids have a central role in differentiation and embryonic
development (for review see Hofmann and Eichele 1994, Means and Gudas 1995).
Research during the last decade, starting with the discovery of retinoid specific
receptors (Petkovich et al., 1987, Giguere et al., 1987) has dramatically changed the
general perception of retinoids, both with regard to their physiological role and their
mechanism of action. Beyond the classical action of retinol and its metabolites in
nutrition and vision it has now become clear that retinoids are fundamental regulators of gene expression in all of the major vertebrate groups.
The major physiological forms of retinoids are retinol, retinal, retinoic acid and
retinyl esters. Retinoic acid, which is the active form of the vitamin for most, if not
all, of its functions, is the ligand for the nuclear retinoic acid receptor families, i.e.
the retinoic acid receptors (RARα, β, χ) and the retinoid X receptors (RXRα, β, χ).

REPRODUCTION
Male sterility via a defect in spermatogenesis is a well recognized consequence of
dietary vitamin A-deficiency in experimental animals (for review see Eskild and
Hansson 1994). Degeneration and loss of germ cells take place, and a slight decrease
in serum testosterone is observed (Appling and Chytil 1981, Huang et al., 1983,
1984). Retinol, but not retinoic acid, in the diet is able to restore the defect through a
direct effect on the seminiferous epithelium (Catignani and Bieri 1980, Thompson et
al., 1964). The inability of dietary retinoic acid to reinitiate spermatogenesis is likely
to be a consequence of a blood-testis barrier for retinoic acid, and thus a requirement
for its in situ synthesis (van Pelt et al., 1991). In vitro it has been demonstrated that
retinol and retinoic acid stimulate the steroidogenesis in testicular cells (Chaudhary
et al., 1989).

DEVELOPMENT
Inappropriate concentrations of retinoic acid during organogenesis are detrimental
to normal embryogenesis. Excess or deficiency of vitamin A during this period both
give rise to severe birth defects, including craniofacial malformations, abnormalities
of the heart and thymus, skeletal malformations, reproductive and nervous system
disorders (for review see Sucov and Evans 1995). The embryonic lesions occur only
during defined windows in development and for any individual tissue this window is
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very narrow, corresponding with the time at which that tissue undergoes differentiation. Studies in mice lacking RAR genes clearly demonstrate that RARs are
essential for vertebrate ontogenesis and that retinoic acid is required at several stages
of the development of numerous tissues and organs (Lohnes et al., 1994, Mendelsohn et al., 1994).
Retinoids are critically involved in the establishment of both the anterior/posterior
central body axis, which forms the central nervous system and the spinal column,
and later in the anterior/posterior specification of the limb, which forms a varied
array of digits across this axis (for review see Means and Gudas 1995). It has been
demonstrated that retinoid-specific binding proteins, enzyme activities and receptors are specifically expressed in the brain during development and it has also
been suggested that retinoic acid is needed for neural crest cell survival, neurite
outgrowth and hindbrain patterning (Maden et al., 1996). The specific expression of
retinoic acid-generating aldehyde dehydrogenase activity in a subpopulation of
dopaminergic neurons during development suggests a role for retinoic acid in nonelectric information transmission of the central nervous system (McCaffery and
Dräger 1994). Data from studies in the developing limb bud suggest that retinoic
acid is involved in the patterning of cells along the anterior-posterior axis, as a signal
between cells or tissues that can synthesize and secrete retinoic acid, and those that
respond to this signal, e.g. by growth factor induction (Sucov and Evans 1995).
Observations in offspring of vitamin A-deficient rats (Wilson and Warkany 1948)
and mice lacking the RAR genes (Mendelsohn et al., 1994) clearly demonstrate the
retinoid requirement for proper morphogenesis of both the male and female reproductive tract. A pseudohermaphroditic tendency was observed in offspring of vitamin-A deficient rats. Male mice that lack the RARα gene are infertile, due to
undeveloped testis and a defect in spermatogenesis (Lufkin et al., 1994). The ob
served testicular changes resemble the ones observed in adult vitamin A-deficiency.
Lack of the RXRβ gene also results in infertile male mice, which have a defect in
spermatogenesis (Kastner et al., 1996). However, these changes are distinct from
both RARα deficient mice and vitamin A-deficient animals. In the female, retinoids
are necessary for normal epithelial differentiation of the uterus and for a full gestation, embryonic development and delivery (Thompson et al., 1964). Absence of
the uterus and cranial vagina has been observed both in offspring of vitamin Adeficient rats (Wilson and Warkany 1948) and mice that lack the RAR genes (Mendelsohn et al., 1994). The observed female genital duct abnormalities, which in both
cases were related to defects in the formation and midline union of the Müllerian
ducts, suggest that retinoic acid is required for multiple steps in the morphogenesis
of the female reproductive tract.
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Biochemistry
Transport
Retinol bound to retinol-binding protein
forms a complex with transthyretin in the
blood. In contrast, there is no specific binding protein for the transport of retinoic acid
in the plasma. Several intracellular retinoidbinding proteins, including the cellular retinol (CRBP and CRBPII) and retinoic acid
(CRABP and CRABPII) binding proteins,
exist and are believed to regulate the cellular levels of free retinol and retinoic acid,
respectively, and to be involved in the retinoid metabolic pathways. In addition, the
binding proteins serve to protect the ligands
from degradation and to protect the cells
from the membranolytic action of retinoids.
Synthesis and catabolism
In contrast to the classical hormones, which
are synthesized, processed, and/or released
in response to physiological cues, vitamin A
(i.e. retinol) is a nutrient and most, if not all,
organisms are dependent on its dietary intake, either as carotenoids from plants or as
retinyl esters from animals. Under normal
dietary conditions retinoids (i.e. retinol and
retinyl esters) are present at relatively high
concentrations and are therefore potentially
available to all cells all the time. However,
efficient biological systems, including retinoid-specific binding proteins, enzymes
and nuclear receptors ensure proper uptake,
storage, transport and conversion into the
right concentration of active metabolites
both on a temporal and local scale. Little is
known about the role of the nuclear receptors in retinoid absorption and metabolism,
whereas many aspects of the absorption and
whole-body metabolism of retinoids have
been well documented (for review, see
Blaner and Olson 1994).
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Briefly, dietary sources of vitamin A are
absorbed and packaged as retinylesters of
chylomicrons for secretion into lymph.
Most of the newly absorbed chylomicron retinyl esters are cleared from plasma and are taken up by liver parenchymal cells (hepatocytes). After hydrolysis and reesterification,
retinyl esters are stored in lipid droplets in
both hepatocytes and liver perisinusoidal
stellate cells. Stored retinyl esters are mobilized and delivered to target tissues as retinol bound to retinol-binding protein (RBP)
in serum. The signal triggering the release of
stored retinyl esters is not known. In target
tissues, retinol is converted into storage
forms, active metabolites, or catabolic products. Lecitin and acyl coenzyme A: retinol
acyl transferases (LRAT; ARAT) and retinylester hydrolases (REH) are the two enzyme systems involved in retinoid storage
processes. Retinoid-specific alcohol and aldehyde dehydrogenases catalyze the reversible conversion of retinol into retinal, and
the irreversible conversion of retinal into
retinoic acid, respectively. Both retinol and
retinoic acid undergo reversible and irreversible interconversions to more polar metabolites, some of which are functional, and
others which are inactive catabolic products. The cytochrome P450 system is involved in these reactions and intense research is ongoing to define retinoid-specific
cytochrome P450 isozymes and reactions in
various tissues. These enzymes may be very
important in the regulation of the level of
free retinoic acid. Retinol and retinoic acid as
well as its oxidized metabolites are conjugated with glucuronic acid both in vivo and
in vitro. The reaction is facilitated by microsomal uridine diphosphoglucuronosyl transferases.

Mechanism of action
Direct control of gene expression
Intense research in the retinoid field during
the last decade has demonstrated an enormous complexity in retinoid-signaling at the
molecular level (Chambon 1994, Mangelsdorf et al., 1994). It is now known that effects of retinoids are mediated via two families of nuclear retinoic acid receptors each
composed of three subtypes, i.e., RARα, β,
χ and RXRα, β, χ (Mangelsdorf et al., 1994
for review). Multiple forms of each of the
receptor subtypes, receptor ligands (alltrans retinoic acid and 9-cis retinoic acid),
response elements (RAREs), and intracellular binding proteins (CRBP and CRABP)
add to the complexity. Furthermore, in order to bind to DNA, RARs and several other
members of the nuclear receptor family
require heterodimerization with RXR.
Thus, by acting through RXRs, retinoids are
critically involved in several different hormonal signaling pathways, including the
thyroid hormones and vitamin D3.
There is also evidence that retinoids act on
estrogen signaling pathways. Studies in
vitro show that retinoic acid, via receptors,
interferes with estrogenic action (Demirpence et al., 1994). Inhibition of the estrogen-response can occur either via inhibited
binding of the estrogen receptor to the estrogen responsive element or via downregulation of target genes, containing retinoic acid
responsive elements, in the estrogen receptor-pathways. In MCF7-cells, it is known
that retinoic acid regulates the expression of
both the estrogen receptor and downstream
estrogen-induced genes (Rubin et al.,
1994). It was, e.g., demonstrated that retinoic acid regulates the expression and reductive activity of the 17β HSD-activity,
which converts estrone into estradiol (Reed
et al., 1994). The 17β HSD gene contains a
putative RARE sequence. Estrogen responsive genes may also be negatively regulated by RXRb through two distinct in-

hibitory pathways (Segars et al., 1993).
Furthermore, there are a number of retinoic
acid-responsive genes that are likely to be
involved in developmental processes (for
review see Gudas et al., 1994). These include transcription factors (e.g. Hox genes
and N-myc), cell adhesion molecules (e.g.
laminin B1), growth factors (e.g. PDGF,
TGFβ and BMPs) and growth factor
receptors (e.g. EGF receptor and PDGF receptor).The patterns of expression of the
various RAR and RXR isoforms indicate
that most tissues are potential targets of
retinoid action (Giguere 1994).

Indirect control of gene expression
RARs can regulate gene transcription
without binding to specific DNA-sequences, but by virtue of highly specific proteinprotein interactions with other transcription
factors (Yang Yen et al., 1991, Zhang et al.,
1991b). Cross-coupling appears to be one
mechanism by which RARs, in response to
their hormone, can regulate the function of
other transcription factors such as the protooncogene complex AP-1 through both
protein-protein and DNA binding interactions (Mangelsdorf et al., 1994).
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3. SEX DETERMINATION AND DIFFERENTIATION
GONADAL SEX DETERMINATION

V

ertebrates are generally gonochoristic, i.e. each specimen is either a male or a
female. Intersexuality and hermaphroditism are rare except among the teleost
fishes. Sex determination in a strict sense is the process by which the gonad-anlage
differentiates into either a testis or an ovary. This is not to be confused with the
further development and maturation of the gonads. Except among the teleost fishes,
the testis is formed from the medulla of the gonad anlage and the ovary from the
cortex. Subsequently, the gonads control the development of most other characters
that are different between the sexes via their hormone production. Vertebrate sex
determination can be either genetical (as in all mammals and birds) or controlled by
environmental factors, i.e. temperature (as in many poikilothermic vertebrates). Relevant for a discussion on possible effects of endocrine disrupters is not which genetic
and/or environmental factors are involved but rather whether the process can be influenced by hormones.
TABLE 3.1 Determination of gonadal sex in vertebrates.
Note: XY = male heterogamety, ZW = female heterogamety, Temp. = temperature influences sex
determination, Androgen Masculin. = androgens may induce male gonadal sex, Estrogen Femin. =
estrogens may induce female gonadal sex. X refers to that the phenomenon occurs within the group,
it is not necessarily widespread. (X) refers to that the phenomenon has only been found in a few
cases and/or to a limited extent. In reptiles and amphibians both temperature and genetic factors
may be involved in the same species. In amphibians and bony fish both XY and ZW systems may
occur in closely related species, or in a frog, even within the same species.

XY

ZW

Temperature

Androgen
Masculin.

Estrogen
Femin.

Mammals

X

–

–

–

(X)*

Birds

–

X

–

(X)

X

Reptiles

X

X

X

(X)

X

Amphibians

X

X

X

(X)

X

Bony fish

X

X

X

Cartilaginous
fish

Information lacking

Cyclostomes

Information lacking

*) only in marsupials
**) occurs both in fish with XY and ZW sex determination
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X**

X**

Mammals
In mammals, the male is the heterogametic sex, producing gametes with different
sex chromosomes, X and Y. Presence of the Y chromosome leads to masculinization
of the gonads. The gonadal sex determination in eutherian mammals is not mediated
by steroids and is thus not likely to be influenced by endocrine disrupters.

Birds
In birds, the female sex is the heterogametic (ZW) and the female phenotype actively
differentiates in response to estrogen. Sex differentiation in the chicken begins in the
7-day-old embryo, when increasing amounts of estrogens are produced by the ovaries (Weniger & Zeis, 1971, Weniger, 1974). In female birds, morphological sex
differentiation is asymmetrical and only the left gonad differentiates into an ovary
whereas the right ovary remains rudimentary. Several studies have demonstrated the
importance of estrogens in bird sex determination by sex reversal of genetic males
after estrogen treatment or of genetic females after treatment with aromatase inhibitors that prevent the formation of estrogens (Elbrecht and Smith, 1992).

Reptiles
The sex of most snakes and lizards is determined by sex chromosomes and both male
and female heterogamety occurs. However, in all crocodilians, many turtles, and
some lizards, the temperature of the developing eggs is the determining factor. Three
different patterns occur: 1) low temperatures give rise to males, high to females, 2)
low temperatures give rise to females, high to males, 3) intermediate temperatures
give rise to males, high and low to females (for review, see Dournon et al., 1990).
Even a small difference in temperature can produce drastically different sex ratios.
As in genetic sex determination, there is a critical period in which the sex can be
irreversibly determined. This period occurs in mid-embryonic development. Intersexuality is rare in reptiles and the sex, once determined, does not change. Gonadal
sex depends on the temperature activation of genes encoding for steroidogenic enzymes and hormone receptors. Similarly as in birds, many studies have shown
estrogens to stimulate differentiation in the female direction (Crews, 1996).

Amphibians
Amphibians have been less studied in this respect than the amniotes, but there are
known cases of both male and female heterogamety as well as temperature dependent determination. In some species sex determination can be influenced both by temperature and by genetic factors and can be very different also between closely related
species, as in Pleurodeles (Dournon et al., 1990). Estrogens may change genetic
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males into phenotypic females and androgens have been observed to have the opposite effect in the frog Buergeria buergeria (Ohta 1987).

Bony fish
Most bony fish are gonochoristic, but functional hermaphroditism also occurs in
many species, which is extremely rare in other vertebrates. Most hermaphrodites are
sequential, i.e. they start being a male (protandry) or a female (protogyny) and later
change into the other sex. Sex changes are accompanied by changes in steroid hormone patterns, but little is known about the extent to which changes in steroid patterns control the sex change rather than the other way around. There are fish with
male as well as with female heterogamety. In addition, there are species in which
environmental factors, such as temperature at early ontogenetic stages will decide
into which sex the fish will differentiate (Strussmann and Patino, 1995). The sex
determination in fish can be influenced by steroid hormones even in gonochoristic
species (for review, see Hunter and Donaldson 1983, Borg 1994). There can be a
reversal in the female direction with estrogens and, in addition, there are numerous
studies showing drastic masculinizing effects by early androgen treatment, which
has only been found in few cases or to a limited extent in other classes of vertebrates.
The androgens used have mostly been testosterone or its synthetic derivatives, but
11-oxygenated androgens (which are the most important androgens in teleosts, see
below) will also give these effects. If the dose of androgens used is very high a
paradoxical feminization may occur, i.e. the proportion of males will start to decrease. This effect is found using aromatizable androgens (that can be converted to
estrogens) but not using non-aromatizable androgens (Piferrer and Donaldson
1991).

GENITAL DUCTS

D

uring the early embryonic stages the fetus of tetrapods, primitive bony fishes
and of cartilaginous fish has primordia for both female and male genital ducts,
the Müllerian and Wolffian ducts respectively. This system does not occur in teleosts
and cyclostomes. The embryonic mammalian testis secretes testosterone which induces the differentiation of the Wolffian duct system into epididymis, vas deferens
and seminal vesicles. In the absence of testosterone this system largely disappears.
The mammalian and avian testes also produces a protein hormone, Müllerian inhibitory hormone which causes the disappearance of the Müllerian ducts, which would
otherwise have differentiated into oviduct and uterus. The general pattern in birds
and reptiles appears to be similar as in mammals, although far less is known. Only
the left Müllerian tube differentiates in female birds, as does only the left ovary.
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Estrogens also stimulate the Müllerian tubes in birds and reptiles, whereas physiological levels of estrogens have little effect in mammals.

OTHER SEXUAL DIFFERENCES

T

he further differentiation of sexual ducts, sexual glands, genitalia, secondary
sexual characters gamete formation and reproductive behavior is in most studied
cases dependent on steroid hormones (androgens in males, estrogens or estrogens
and progestins in females) in vertebrates of all classes. The effects of testosterone are
in many cases dependent on conversion of testosterone into other steroids. Reduction of testosterone to 5α-dihydrotestosterone is of critical importance for the differentiation of many secondary sexual characteristics and parts of the male reproductive tracts in tetrapods. Aromatization of testosterone to estradiol is of critical importance for differentiation of the brain in a male direction and for the control of male
sexual behavior in birds and mammals.
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4. DEMONSTRATED OR DISCUSSE EFFECTS IN
HUMANS AND ANIMALS

HUMAN STUDIES

T

here are several effects on humans that have been suggested to be linked to envi
ronmental exposure to endocrine disrupting chemicals. These include developmental effects, reduced sperm quality and increased cancer incidence.
In Taiwan people were exposed to high levels of PCBs and PCDD/Fs through contaminated rice oil (Rogan et al., 1988). Children born to mothers who had consumed
the contaminated oil showed pre- and postnatal growth retardation, hyper- pigmentation and chloracne, widely open fontanels, spotty calcification of the skull, abnormalities in natal teeth and small head circumference, elevated incidence of bronchitis, neurodevelopmental delays (including hypoactivity and hypotony) lower mean
intelligence quotients, increased auditory thresholds, abnormal sexual organ development, reduced birth weight, neurological disorders, and at puberty the boys had
significantly shorter penises than a control group (Rogan et al., 1988, Chen et al.,
1994, Guo et al., 1993).

Behavioral effects
Several human prospective epidemiological studies have indicated that PCBs may
affect the development of brain functions (Rogan et al., 1986, Rogan et al., 1988,
Jacobson et al., 1990, Guo et al., 1993, Jacobson and Jacobson 1996). In Taiwan and
Japan, neurological disorders have been observed in children born to mothers who
had ingested high levels of PCB in cooking oil (Guo et al., 1993). In the Lake Michigan area it has been indicated that children of mothers who consume large quantities
of fish high in PCBs showed signs of developmental disturbance including poorer
short term memory (Jacobson et al., 1990). In another study, from North Carolina,
gross motor function disturbances were observed in children as a result of exposure
to PCB and DDE (Rogan et al., 1986). In a recent epidemiological follow up study,
effects on intellectual functions were correlated to high levels of PCB exposure
(Jacobson and Jacobson 1996). Impairments were observed in general intellectual
ability, short and long term memory, focused and sustained attention in children with
PCB levels exceeding 1.25 µg/g blood fat. The effects were suggested to be primarily
due to transplacental exposure. This period has also been shown to be vulnerable to
PCB exposure in experiments on rats (Lilienthal and Winneke 1991). Support for a
transient effect of PCB/dioxins on the early behavior of infants was indicated in a

48

series of Dutch studies on infants born in a semi-urban (Groeningen) and a highly
industrial area (Rotterdam). It was indicated that a combination of high intrauterine
and high postnatal exposure to PCB during the first two weeks of breast feeding may
result in neurological non-optimality at birth (Huisman et al., 1995). Moreover, transient negative effects on mental and psychomotor development during the first
months of life was associated with high intrauterine PCB/dioxin exposure. At the
age of 18 months, however, no strong association between PCB/dioxin exposure and
negative developmental effects was found (Huisman et al., 1995; Koopman-Esseboom et al., 1996). Epidemiological studies of Swedish fishermen showed an increased risk for low birthweight for infants among mothers with a consumption of
fatty fish from the Baltic Sea (Rylander et al.,1995, 1996) and for those mothers
with the highest concentrations of PCB in plasma (Rylander et al., 1997). The
plasma levels of PCBs in fishermen’s wives from the Swedish east coast correspond
well to the exposure levels for the Dutch mothers from whom the exposure levels of
PCB were correlated to an increased risk for delayed neurodevelopment in infants
(Grimvall et al., 1997, Koopman-Esseboom et al., 1994).

Testicular and prostate cancer
Several forms of hormone related cancers, including testicular cancer and prostate
cancer in men, and breast cancer in women, have been indicated to be increasing in
the Nordic countries. The possible involvement of environmental endocrine disrupters in hormone related cancer is not known. However, alterations in hormonal responses or in the metabolism of hormones have not been ruled out as a cause of
hormone related cancers.
Testicular cancer mostly affects men in their late twenties and is one of the most
common cancer forms in this age group. Testicular cancer has increased dramatically during the last 40 years. In Sweden the incidence has increased from about 2
per 10,000 in the 1950s to 4 per 10,000 in the late 1980s. Over the same time period
the incidence has increased from 4 to 9 in Denmark and from 3 to 7 in Norway. Even
in Finland, with its low frequency of testicular cancer, there has been a noticeable
increase from 1 to 2 incident cases per 10,000 men (Adami et al., 1994). It has been
proposed that testicular cancer is initiated already before birth. Changes in life-style
and diet have been suggested to play an important role and especially the diet of the
mother may be of importance. In Finland, the incidence of testicular cancer is three
times higher in big cities than in rural areas (Suominen and Vierula, 1993).
Prostate cancer is the most common form of cancer in men in Sweden. The incidence rate of prostate cancer per 10,000 men is now 5.5 in Sweden, 5 in Norway, 3.5
in Finland and 3 in Denmark, and it has approximately doubled during the last 35
years. The prostate is stimulated by androgens, and castration and anti-androgen ad-
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ministration are standard methods in the treatment of prostate cancer. However, androgens can also be aromatized to estrogens in the prostate and the estrogens act
together with androgens in stimulating prostate growth (Suzuki et al., 1996).

Breast and uterine cancer
Breast cancer is the most common form of cancer in women in Sweden. It is clearly
associated with estrogen and one of the most important treatments is by administration of the estrogen antagonist tamoxifen. The possibility that environmental
estrogens may cause breast cancer has been reviewed by Davis et al., (1993) and
Ahlborg et al., (1995) and only a brief summary will be given here: Breast cancer has
been increasing in the industrialized world since 1940. This increase cannot be fully
explained by known risk factors, such as low age of menarche, high age of menopause, late pregnancy, and dietary factors in general. It has been suggested that environmental estrogens may be involved in the increasing incidence of breast cancer.
The rationale has been that many chlorinated organic compounds have estrogenic
effects, that some organochlorines have been found to promote mammary carcinogenesis in animal experiments, and that some studies (but not others) have demonstrated higher levels of several organochlorines in breast tissue or blood in patients
with breast cancer than in controls. However, the hypothesis that exposure to hormonally active chemicals would promote human breast cancer remains to be verified.
The increased incidence of endometrial cancer has been indicated to be influenced
by exogenous estrogen treatment (reviewed in Cohen and Rahaman 1995 and
Ahlborg et al., 1995). Endometrial proliferation and differentiation is under the influence of estrogen and progesterone. It has been suspected for a long time that overproduction of estrogen may lead to increased growth of the endometrium (Gusberg
1947). Estrogen replacement therapy has been reported to result in a drastically increased risk of developing endometrial cancer (Antunes et al., 1979, Rubin et al.,
1990). Treatment of patients with breast cancer with Tamoxifen has been indicated to
increase the incidence of endometrial cancer (Seoud et al., 1993). The risk of endometrial cancer is reduced by addition of progestins to patients treated with
Tamoxifen (Fornander et al.,1989). Treatment with estrogen agonists such as
Tamoxifen and exposure to estrogenic substances from the environment may thus
induce permanent activation of the target genes, leading to endometrial hyperplasia
and possibly tumor formation.

Hypospadias
A male reproductive tract malformation that has been reported to be increasing in
many Western countries is hypospadia (WHO 1991). In Sweden there have been
reports of about 20 cases per 10,000 births since the mid 1970s, compared to below
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15 in the late 1960s. There have also been reports of increased numbers of registered
cases of hypospadias over a 20 year period (1970 to 1990) in Norway (from 5–10 to
15–20 cases per 10,000) and Denmark (from about 7 cases to about 12 cases per
10,000). In Finland there are fewer cases, (5 per 10,000 births). Hypospadias has
also been reported as increasing in England and Wales, from about 14 cases per
10,000 in 1965 to 36 per 10,000 in 1983. However, the reporting of hypospadias may
not have been properly validated and its correlation to EDSs has not been established.
Treatment of pregnant women with the synthetic estrogen, diethylstilbestrol (DES)
has been shown to lead to increased incidence of hypospadias in the sons of these
women (see Jensen et al., 1995). This suggests that exogenous estrogens may have
the potential to induce this malformation.

Cryptorchidism
The incidence of cryptorchidism, i.e. testes that do not descend properly, has been
reported to be increasing. When comparing the results from two British studies, one
performed in the late 1950s (Scorer 1964) and the other during the 1980s (Ansell et
al., 1992), it appears that the incidence of cryptorchidism increased from 1.74% to
5.2% in 3-month-old boys with a birth weight under 2500 g, and from 0.91% to
1.61% in boys with a birth weight over 2500 g. No correlation to EDSs has been
established for the occurrence of cryptorchidism. However, when pregnant women
were treated with DES it was observed to lead to increased incidence of cryptorchidism in the sons of these women (see Jensen et al., 1995). This indicates that exogenous estrogens have the potential to induce this malformation.

Sperm quality
It has been proposed that sperm quality has declined and that this could be due to
EDSs (Carlsen et al., 1992; Skakkebaek and Keiding 1994). A decline in semen
quality would certainly be serious. However, two points are controversial. 1) Has
there been a general decline in semen quality? 2) If so, is this due to EDSs?
1) Carlsen et al., (1992) noted a general drop in human sperm counts, and a decrease in ejaculate volumes, in a survey of 61 studies on sperm counts conducted
between 1938 and 1991 in several countries worldwide. The study has, however,
been much criticized: the different studies from which the data have been compiled
were not performed similarly, there were differences in selection of subjects, sampling procedure and evaluation (Olsen et al., 1995). There was also a geographical
bias (Fisch and Goluboff 1996) in the data compiled by Carlsen et al., (1992) since
all large (n ≥ 100) studies older than 1971 were performed in the United States, and
all but one from New York, where sperm counts (Fisch et al., 1996) are especially
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high. There are also studies showing declining trends within different countries, e.g.
by Bostofte et al., (1983) in Denmark and Bendvold (1989) in Norway. However, no
declining trend was observed in Finland between 1958 and 1992, where counts were
high compared with other studies (Suominen and Vierula, 1993). In another study
sperm count was correlated to the year of birth of the donor (Irvine 1994). In donors
born in 1940 the sperm count was 120 million per ml whereas those born in 1949 had
75 million sperm per ml. Comparisons between fertility studies based on time
showed a small but significantly higher degree of fertility in Finland than in Britain
(Joffe 1996), though there were some minor methodological differences. The difference in fertility might, however, be due to factors other than sperm quality.
Decreasing sperm quality has, however, also been found in studies using similar
methods throughout. Auger et al., (1995) observed a decrease in sperm counts from
89 to 60 million per ml, in percentage of motile and morphologically normal sperm,
but not in sperm volume between 1973 and 1992 in Parisian sperm donors, in a
carefully controlled study. Comhaire et al., (1995) observed a decrease in sperm
concentration in sperm donors in Belgium over the period 1977–1994. There was,
however, an increase in semen volume over the same period so the total sperm count
did not change. There was also a decline in sperm motility. Ginsburg et al. (1994)
observed a decline in sperm counts from 1978–1983 to 1984–1989 in the Thames
Water Supply area, but not in other parts of the UK.
However, in other studies no decline in sperm quality was observed. Paulsen et al.,
(1996) found no decrease in sperm concentration, semen volume, number of sperm
per ejaculate and percent normal sperm morphology in healthy men in the Seattle
area between 1972 and 1993. On the contrary there was a small but statistically
significant increase in sperm concentration. Similarly, Fisch et al., (1996) found no
decline in sperm counts, semen volume or sperm motility in semen collected in Minnesota, New York and California between 1970 and 199., On the contrary, in the
former two areas there was a significant increase in sperm counts. The sperm counts
reported from New York were similar to those reported from this area in the early
1950s and earlier.
In conclusion, a decline in sperm quality has occurred in some areas, but probably
not in others. There is no Swedish investigation, and the trends from the most comparable countries are highly different.
2) Sharpe and Skakkebaek (1993) suggested that declining sperm counts and rising incidences in male reproductive disturbances could be due to rising exposure to
estrogen. This suggestion was based on the observation that these disturbances are
similar to those observed in men exposed to the synthetic estrogen diethylstilbestrol
in utero and to those observed in rats exposed during early ontogeny to small doses
of estrogen. It can also be suspected that estrogenic exposure has increased, not only
due to EDSs, but also to an increased consumption of foods containing estrogens

52

(dairy products and soy beans), slower clearance of estrogens due to a decreased
intake of dietary fibers and increased estrogen production in fat due to increased
obesity (Sharpe and Skakkebaek 1993).

OTHER MAMMALIAN STUDIES
Florida panther
The Florida panther (Felis concolor) exhibits many reproductive and developmental
abnormalities and these have been suggested to be caused by endocrine disrupting
chemicals (Facemire et al., 1995). The male specimens showed low sperm concentration and ejaculation volume, as well as poor sperm motility and a high incidence
of abnormal sperm. Cryptorchidism has been reported to be increasing among the
panthers. Mercury poisoning has been suggested to be the cause of observed thyroid
dysfuntions. The panthers have high tissue levels of many xenobiotics, including
PCB. It has, however, also been suggested that the poor reproductive status of
Florida panthers may be due to inbreeding, since the population consists of only 30–
50 animals (O’Brien et al., 1994) and the genetic variation in the animals is low
(Barone et al., 1994). Although the reproductive disturbances seen in Florida panthers may be due to inbreeding, it is too early to dismiss EDSs as a contributing factor.

Seals and sea lions
In the 1960s the numbers of seals in the Baltic decreased dramatically and they disappeared from many parts of the Baltic coast. Analysis of DDT and PCB in the
beginning of the 70s showed that tissues of Baltic seals contained high concentrations of these contaminants, and this was suggested to be connected to a high incidence of aborted seal pups in the southern parts of the Baltic (Olsson et al., 1975).
Similarly, abortions and premature births in Californian sea lions (Zalophus californianus) were suspected to be caused by organochlorine contamination (Delong et al.,
1973). Among ringed seals (Phoca hispida) and grey seals (Halichoerus grypus) in
the Baltic, a high prevalence of uterine occlusions was found in the mid 70s (Helle et
al., 1976). Various pathological changes in Baltic seals have been reported (Bergman
and Olsson 1986). The disease complex was suggested to be due to hyperadrenocorticism caused by a primary lesion of the adrenals followed by secondary changes in
other organs. Between 1950 and 1975 the population of common seals (Phoca
vitulina) in the western part of Wadden Sea, The Netherlands declined from more
than 3000 to less than 500 animals. PCBs were thought to be responsible for the low
rate of reproduction in the seals. When common seals were fed a diet consisting of
fish from the western part of the Wadden Sea, their reproductive success was re-
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duced (Reijnders, 1986). Several experimental studies in mink have shown that PCB
may impair reproduction when the residue levels in the animals are similar to those
found in fish-eating wildlife species in contaminated areas such as the Baltic region.
In a recent study in mink (Mustela vison), kit survival and body weight gain were
reduced when mean PCB levels in muscle from the dams were 12 mg/kg l.w.
(Brunström et al.. 1997). PCB concentrations in mature harbor porpoise (Phocoena
phocoena) from the Baltic Sea sampled in 1988–1989 varied between 14 and 78 mg
PCB/kg l.w. (Berggren 1995) and in Baltic grey seals levels varied between 32 and
5300 mg/kg l.w. in animals collected in 1979–1990 (Blomkvist et al., 1992). The
median PCB level in otters (Lutra lutra) collected in southern Sweden in 1990–1994
was 45.5 mg/kg l.w., whereas the median level in animals from northern Sweden was
7.5 mg/kg l.w. (Mats Olsson, personal communication).

BIRDS

I

n 1957 millions of broilers died in south-eastern United States. The disease was
due to toxic components in certain feed fats. Characteristic symptoms included
the presence of excessive fluid in the heart sac and in the abdominal cavity. The toxic
material in the fat was called chick edema factor, and the syndrome chick edema
disease. Injection of extracts from toxic fat into chicken eggs resulted in decreased
hatching and development of embryonic deformities, including beak and eye defects
and edema. Over ten years after the outbreak of chick edema disease, the chick
edema factor was identified as 1,2,3,7,8,9-hexachlorodibenzo-p-dioxin (Cantrell et
al., 1969). Experimental studies have verified that Ah receptor agonists including
polychlorinated dibenzo-p-dioxins (PCDDs), polychlorinated dibenzofurans
(PCDFs), and coplanar polychlorinated biphenyls (PCBs) are highly embryolethal
and cause edema and deformities in chicken embryos (Higginbotham et al., 1968;
Rifkind and Muschick, 1983; Brunström, 1989). There are very large species differences in sensitivity to these compounds and chicken embryos are considerably more
sensitive than the other species tested (Brunström, 1988; 1989; Sanderson and
Bellward, 1995; Kennedy et al., 1996).
Several species of colonial fish-eating birds nesting in the Great Lakes basin exhibit chronic impairment of reproduction (Gilbertson et al., 1991). High levels of
DDT and its metabolites have caused eggshell thinning in many species. In addition
to this, the reproductive impairment is characterized by high embryonic and chick
mortality, edema, growth retardation, and deformities. This syndrome of fish-eating
birds in the Great Lakes area has been designated GLEMEDS (Great Lakes embryo
mortality, edema, and deformities syndrome) and clearly resembles another disease,
the chick edema disease (see above). Reproductive impairment has been described
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in a number of species including the double-crested cormorant (Phalacrocorax
auritus), black-crowned night heron (Nycticorax nycticorax), herring gull (Larus
argentatus), ring-billed gull (Larus delawarensis), common tern (Sterna hirundo),
Forster’s tern (Sterna forsteri), and Caspian tern (Hydroprogne caspia). Current concentrations of PCDDs/Fs and PCBs in fish-eating birds in the Great Lakes area are
less than those during the 1960s and 1970s and some bird populations, such as double-crested cormorants and herring gulls have made dramatic recoveries since that
time (Giesy et al., 1994). However, populations of common and Forster’s tern continue to decline and double-crested cormorants and Caspian terns in Saginaw and
Green Bays continue to display abnormally high rates of developmental deformities
and embryolethality (Giesy et al., 1994).
No thorough investigation of the possible occurrence of GLEMEDS-like symptoms in fish-eating bird populations in the Baltic area has been carried out. The
reproductive success of the white-tailed sea eagle (Haliaeetus albicilla) was negatively correlated to egg residue levels of DDE and PCB in eggs collected along the
Baltic coast in 1965–1978 (Helander et. al., 1982). Bignert et al., (1995) studied
eggshell thickness in Baltic guillemot (Uria aalge) eggs collected 1961–1989. They
found that DDT and PCB levels have decreased in the Baltic since the 1970s and that
the eggshell thickness has concomitantly increased.
Colonies of glaucous-winged gulls (Larus glaucescens) breeding in polluted areas
of Puget Sound in 1984 exhibited eggshell thinning and persistent right oviducts in
adult females (Fry et al., 1987). 21 of 31 female gulls had retained right oviducts.
The causes of these effects in the glaucous-winged gulls are unknown. The major
contaminants in Puget Sound were heavy metals, PCB and polycyclic aromatic hydrocarbons, whereas DDT concentrations were not particularly high.

BEHAVIOR
Hunt and Hunt (1973, 1977) noted female pairing in gulls in southern California
when the sexes of birds having supernormal clutches were examined. Gulls normally
lay 3 eggs but numbers of eggs in the supernormal clutches were 4–6. Supernormal
clutches and female-female pairing have been noted in breeding populations of four
species of gulls in North America. Western gull (Larus occidentalis) and herring gull
(Larus argentatus) colonies with supernormal clutches have been located in areas
contaminated with high levels of organochlorines. Since gulls are rather resistant to
eggshell thinning by DDT (Peakall, 1975), levels of DDT that caused eggshell thinning in other species in southern California did not damage egg shells of gulls. Thus
gull chicks hatched from eggs contaminated with high levels of organochlorines. Fry
and Toone (1981) speculated that reproductive failures, skewed sex ratios, and female-female pairing in breeding populations of Western gulls on the Great Lakes
resulted from organochlorine pollution. Feminization of male gull embryos was sug-

55

gested to have affected the reproductive behavior of the males leading to reduced
migration to the breeding sites. An alternative hypothesis to explain the sex ratio
skew in contaminated areas is that the low male/female ratio was due to a higher
mortality among the males (Conover & Hunt, 1984). Altered incubation behavior
resulting in decreased hatchability has been indicated in studies of herring gulls (Fox
et al., 1978) and Forster’s terns (Kubiak et al., 1989) in the Great Lakes area.

REPTILES

O

ne of the best known cases of reproductive disturbance due to environmental
endocrine disruption is in the alligators in Lake Apopka in Florida. The alligator males display a number of disturbances, including small penis size and suppressed plasma testosterone levels (Guillette et al., 1996). The testosterone levels in
young male alligators in Lake Apopka are suppressed to levels normally found in
females. Lake Apopka is a heavily polluted and eutrophic water and was also subject
to a major industrial spill of difocol, DDT, DDE, DDD and sulfuric acid in 1980.
Alligator eggs from Lake Apopka have been found to contain high levels of p,p’DDE. The disruptive effects on reproduction were first suggested to be due to
estrogenic contaminants, but later to the anti-androgenic effects of p,p’-DDE (Kelce
et al., 1995). In tissue culture, 64 ppb of p,p’-DDE inhibited androgens from binding
to the androgen receptor. In alligator eggs from Lake Apopka p,p’-DDE levels of
5800 ppb (lipid weight) have been observed (Guillette et al., 1996).

FISH
Vitellogenin
Vitellogenin production as a biomarker for estrogenic effects is being used to survey
the status of rivers and lakes. In a British study, caged fish were placed in rivers and
reservoirs to determine the estrogenicity of these waters (Purdom et al., 1994). Fifteen water reservoirs were studied but none of them elicited vitellogenin production
in the caged fish. Six rivers were also studied. In five of these rivers, fish were caged
downstream of sewage treatment plants. The sixth river was chosen since it received
alkylphenol-containing water from a wool scouring industry.
A vitellogenic response could be detected in juvenile fish in all except one survey
area (Purdom et al., 1994). However, the magnitude of response varied widely. In
some river stretches vitellogenic responses could only be detected when fish were
caged directly in the undiluted sewage effluent. On the other hand, in the river Aire,
which received alkylphenolic water, the male juvenile fish produced vitellogenin at
levels comparable to normal vitellogenic females. The exact cause of the estrogenic
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response in these caged fish was not determined in these studies. However alkylphenols, nonylphenol ethoxylates and ethinyl estradiol were all suggested as possible inducers of the vitellogenic response.
When surveying the estrogenic response in caged fish along the river Lea, it was
observed that there were elevated vitellogenin levels downstream of all major sewage plants. Since not all fish are stationary in these waters it is highly possible that
many of the wild fish will be exposed to estrogenic effluents at some time during
their life span.
Effluents from sewage treatment plants and textile factories have been shown to
induce vitellogenin and lead to reduced testis size in caged fish.

M74 and the early mortality syndrome
Loss of co-ordination, irregular swimming and high mortality in newly hatched
yolk-sac fry has been observed in the Baltic, in the North American Great Lakes and
in the New York Finger Lakes. In the Baltic the syndrome, which is having a devastating effect on both feral hatchery-reared and on wild Baltic salmon, is known as
M74 (Bengtsson and Hill, 1996). First in North America and subsequently in the
Baltic area this syndrome has been connected to a lack of vitamin B1 (thiamin)
(Marcquenski 1996; Amcoff et al., 1996), and the syndrome largely disappears if the
eggs or the females to be stripped are treated with thiamin (Fitzsimons 1995;
Fitzsimons and Brown 1996; Larsson and Haux 1996). The thiamin deficiency has
been suggested to be due to thiaminase activity in clupeids which form the major
part of salmonid food in these regions. The proportion of clupeids in the diet of
salmonids may have increased (though actual data appear to be lacking) due to
eutrophication of the Baltic leading to an increased plankton-production that favors
clupeids and, in the North American lakes, to the introduction of clupeids. Eggs
developing into M74 fry are paler than healthy eggs, due to a lower content of
carotenoids, especially astaxanthin (Petterson and Lignell 1996) which is an effective antioxidant. Data from different years suggest, however, that the low carotenoid
content in affected eggs is a symptom rather than a cause of the syndrome (Börjeson
et al., 1994).
Environmental pollutants have often been assumed to be involved in the M74 syndrome as a primary or contributing cause. The case is, however, far from clear-cut.
Over the last decades, the general levels of PCBs and DDT in the Baltic have declined
when M74 has increased. In the Great Lakes the levels of known organic contaminants
have also decreased while the early mortality syndrome has increased (Fitzsimons and
Brown, 1996). According to Marcquenski (1996) there are no indications for involvement of PCBs in the early mortality syndrome in North America and dieldrin, DDT and
DDT- metabolites are practically absent in affected fry.
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Norrgren et al., (1993) reported higher hepatic CYP levels and higher activities of
the CYP1A catalyzed enzyme activity, ethoxyresorufin O-deethylase (EROD), in
the liver of salmon females giving rise to M74 affected eggs than in females giving
rise to healthy eggs in the river Mörrum. In contrast, Brown et al., (1996) found no
difference in liver EROD and hydroperoxides between affected and unaffected lake
trout (Salvelinus namaycush) in Lake Ontario, although the levels were higher than
in the healthy Lake Manitou. EROD can be induced by numerous pollutants, including polycyclic aromatic hydrocarbons, PCBs and dioxins.
A number of studies have been carried out treating salmonids with defined
xenobiotics or extracts. These include feeding of salmon with commercial pellets
supplemented with Baltic herring oil (Bergqvist et al., 1994) and injection of eggs
with extracts from affected eggs (Norrgren et al., 1993). Effects clearly related to
M74 have not been observed.
To summarize, there is at present only weak evidence suggesting that these syndromes are related to xenobiotics. The mechanisms of their possible influence are
not known and it is unclear if EDSs are involved.

Others
Reduced levels of testosterone have been observed for white sucker (Catostomus
commersoni) collected downstream of a Kraft mill effluent (Munkittrick et al.,
1991). Reduced gonad-size in female perch has been observed downstream of pulp
mills in the Gulf of Bothnia and has been correlated to the distance from the effluent
source (Andersson et al., 1988). The reduction in gonad-size was also correlated to
an increase in EROD activity, indicating that the CYPIA gene was upregulated.
Masculinization of female fish has been observed in mosquitofish (Gambusia
affinis) in a field study of Elevenmile Creek in Florida (Howell et al., 1980). The fish
exhibited modification of the anal fin into a penis-like structure. It was found that
these masculinized fish were all found downstream of a Kraft mill effluent. This
effluent was found to contain large amounts of plant steroids including sitosterol and
stigmastanol. The mechanism behind this response is not clear. Since the development of gonopodium in poecilid fishes is stimulated by androgens, especially 11ketotestosterone (Schreibman et al., 1986) it does not fit with estrogenic actions

IMPOSEX IN MOLLUSCS

U

nlike the pulmonate snails, most marine snails are normally not hermaphro
dites. However, an imposed partial hermaphroditism in females, imposex, has
been reported from several prosobranch marine snails (e.g. Nucella, Buccinum,
Littorina) and has been observed in the Baltic sea. Imposex is characterized by non-
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functional male genitalia in females. Imposex females develop a penis and a vas
deferens as well as female reproductive organs. In severe cases the snails become
sterile. Imposex has been connected with the presence of tributyltin, which is used in
boat-paints to prevent fouling.
TBT levels from 20 ng/L suppress oogenesis and stimulate spermatogenesis in
female Nucella (Gibbs et al., 988). Treatment of prosobranch snails with tributyltin
at concentrations as low as 1 ng Sn/L ambient water induces imposex. Spooner
(1991) found that TBT treatment increased the testosterone levels in Nucella, and
that testosterone, like tributyltin, induced imposex.
TBT also induces spermatogenesis in oysters, though at a high concentration (240
ng/L) and at 2.6 µg/L it may also suppress gonad growth (Thain et al., 986).
In vitro exposure performed on periwinkle (Littorina littorea) microsomes has
shown that even at exposure to 300 µg TBT/L there was only a 30–40% reduction in
aromatase levels and that 29 mg TBT/L was needed to increase androstenedione
formation from testosterone (Ronis and Mason, 1996). TBT had only modest effects
on CYP-dependent (phase I) testosterone metabolism (Ronis and Mason, 1996). In
vivo experiments were also performed to determine the levels of testosterone, its
phase I metabolites as well as its conjugated forms (water soluble metabolites). It
was found that non-conjugated steroid levels increased following 42h exposure to
2.9 mg TBT/L while there was a significant reduction in conjugation. These experiments indicate that TBT reduces aromatase activity to some extent, but that the main
response is an inhibition of conjugation (phase II reactions). The inhibition of testosterone conjugation and accumulation of tissue androgens may be of importance for
imposex development.
Effects of TBT on vertebrate reproduction have been studied to a limited extent
and with largely negative results. Holm et al., (1991) found no consistent effects on
reproduction in sticklebacks that had been exposed to up to 2.5 µg/L TBT oxide
(nominal concentration) for 7.5 months. The significance of TBT for disturbances of
vertebrate reproduction is therefore questionable.
TBT has many toxic effects on invertebrates and vertebrates apart from reproductive effects. It kills/damages larval stages of fish and invertebrates at relatively low
concentrations. It causes deformation of bivalve shells, suppresses growth and
EROD activity, and damages the nervous system and the immune-system.
The connection between TBT and imposex is well established and this and other
negative environmental effects of tributyltin have led to its ban or use restriction in
many countries, including Sweden.

59

SUMMARY

S

everal known or suspected impairments in human reproduction have been sug
gested to be the result of environmental pollutants. These impairments are consistent with effects of, especially, estrogenic compounds. However, as far as the general population is concerned (as opposed to groups particularly exposed due to accidents etc.) it is unclear whether, as in the case of declining sperm quality, the changes
have actually occurred. It may be as in other cases, such as increased incidence of
testicular cancer, that the observed changes are due to environmental pollutants
(Table 4.1).
Neurobehavioural effects (e.g. impaired learning) of environmental pollutants
have been indicated in exposed human populations and from laboratory studies. It is
not known how widespread the phenomenon is or what the mechanism behind it are.
Although the mechanisms remains to be investigated, neurological and intellectual
parameters are important since they constitute sensitive endpoints in studies of perinatal exposure to environmental pollutants.
In wildlife, some reproductive effects have been correlated to exposure to environmental pollutants (Table 4.2). In land-living vertebrates the reproductive disorders
appear primarily to have been induced by persistent organic pollutants, such as DDT,
PCB and PCDD/F. These persistent compounds may also have caused disturbed reproduction in fish populations. In addition, reproductive markers in fish (mainly
vitellogenin) have been shown to respond to substances that are readily metabolized
and excreted, for example alkyl phenols. Biological responses indicative of
estrogenic effects, such as induction of vitellogenin, have been observed in fish ex-

TABLE 4.1. Impairments in humans discussed in relation to endocrine disrupting chemicals
Association with environmental
pollutants
Neurobehavioural effects
Increased incidence of:
– testis cancer
– prostate cancer
– breast cancer
– endometriosis
– hypospadias
– cryptorchidism
Declined sperm quality

probable *
not shown
not shown
not shown
not shown
not shown
data on increased
incidence not conclusive
data on declined quality
not conclusive

* Effects associated to intake of contaminated fish.
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posed to less persistent pollutants without any documented influence on reproduction or population viability. All of the effects in wildlife have so far been observed in
highly contaminated environments.
Most or all of the effects in humans and wildlife included in Tables 4.1 and 4.2 are
consistent with experimental observations in animals exposed to organic pollutants.
Many of these pollutants are well-documented modulators of endocrine functions
(see Chapter 6). However, the mechanisms behind the observed effects in humans
and wildlife are largely unknown and in most cases it is not clear whether or not the
primary effect is a change in endocrine function.

TABLE 4.2. Impairments in wildlife discussed in relation to endocrine disrupting chemicals
Animal group

Effect

Association to
environmental
pollutants

Mammals
– panther

sperm quality
cryptorchidism

probable

– mink, otter

population decrease

probable

– seals

female reproductive
disorders

yes

adrenocortical
hyperplasia

yes

Birds

eggshell thinning
embryotoxicity/
malformations
malformation of
reprod. tract
reproductive behavior

yes

Reptiles
– alligator

microphalli and
lowered testosterone
levels

probable

Fish

vitellogenin
masculinization
lowered testosterone
levels
reduced testis size
M74/EMS

yes
probable
probable
probable
not shown

imposex

yes

Molluscs

effects observed
in inbred population

yes
probable
probable
effects seen in
connection to
accidental
contamination
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5. ENVIRONMENTAL CONTAMINANTS WITH
DEMONSTRATED OR DISCUSSED HORMONAL EFFECTS

A

number of organic compounds, or groups of compounds, primarily aromatic
compounds, with potential hormone modulating effects are presented below.
Metals and inorganic compounds are not included. Some chemico-physical data are
given and their concentrations in the environment and in humans are briefly reviewed. The selected compounds are mainly those that have been reported to have
endocrine disrupting capacity but a few compounds lacking such data have been
included because of their presence in the environment and structural similarity to
hormones or to other endocrine disrupting compounds. In addition, a few compounds are briefly presented which are persistent but for which data on toxicity and
environmental levels are scarce. The present document includes only those pesticides which are persistent, have reported hormonal modulating capacity and are
present in the Swedish environment. Several other pesticides that may be relevant, as
well as many other substances, are not included in this document but are reviewed by
Toppari et al., 1996. Persistent organic compounds have been presented in reports
such as Swedish EPA Report 4563 and the reader is referred to these for further
information on use and regulations.
The use, or emission, of some of the presented compounds is regulated (e.g. PCB,
DDT, Lindane, PCDD, PCDF) in order to minimize the exposure in the environment.
However, a majority of the here described environmental contaminants, and for
which concern has been raised, are not yet regulated (e.g. PBDE, PCN, nonylphenol,
halogenated benzenes and phenols, brominated and non-brominated bisphenol A).
Most of the compounds presented below are persistent and biomagnifying substances that may undergo metabolic transformations, forming metabolites that may
either be water soluble, and therefore excreted, or are lipophilic enough to be retained in the organism. Compounds or their metabolites may, depending on their
structure, bind to proteins. Both estradiol and thyroxine have a phenolic group and
this is also a structural element in metabolites formed from most aromatic compounds. It is thus of importance to include a brief discussion of the metabolism of the
compounds. As shown, the concentration of the metabolites may occasionally be in
the same range as the parent compounds. The exposure of an organism for a compound, or its metabolites, is related to the concentration and half-lives of the compound in the body. The kinetics of persistent and semi-persistent compounds must
therefore be considered in the risk assessment for interactions with hormone systems
in the living organism.
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General metabolism
A simplified scheme of the metabolism of
aromatic compounds is shown in Figure 5.1
using benzene as a model for halogenated
aromatic compounds. The first step, creating a functional group is catalysed by the
CYP enzyme family, and often results in an
arene oxide. This is a reactive intermediate,
which may react with endogenous macromolecules but is mostly rearranged to a phenol. The phenolic, also called hydroxylated,
metabolite can be further metabolized by
conjugation to sulphates or glucuronic acid.
As conjugates, the water solubility is in-

creased and the compounds can be excreted.
Some xenobiotics, i.e. PCBs and chlorinated benzenes, may also be metabolised
via the mercapturic acid pathway (MAP).
This involves a reaction between glutathione (GSH) and the arene oxide, subsequently resulting in the formation of water
soluble mercapturic acids or methyl sulphides and/or methyl sulphones. The two
latter types of metabolites are lipophilic
and are therefore not easily excreted. Aryl
methyl sulphones are important metabolites
and examples of their toxic effects are given
in Chapter 6.

Figure 5.1. Simplified metabolism scheme for aromatic compounds.

PESTICIDES

M

any pesticides are reported to be endocrine disruptors, and effects on the thyroid are frequently reported. However, high doses are often required to obtain
effects and the no observed effect level (NOEL) is far above the acceptable daily
intake (ADI) and above the estimated daily intake (Toppari et al., 1996). Most of the
pesticides reported to be endocrine disruptors are banned in Sweden, although some
are persistent and are still present in the environment, or are deposited in Sweden
after long range transport (eg. DDT and Lindane). An interesting group of pesticides is the so-called hormone-type, often acting as growth hormone, or inhibiting
growth hormones (insecticides). Examples from this group are phenoxy acetic acids
and benzoic acid herbicides, and methoprene (insecticide).
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DDT and related compounds
p,p’-DDT(1,1,1-trichloro-2,2-bis(4-chlorophenyl) ethane) has been banned in Sweden for more than 20
years but is still produced for pesticide use in some
countries. In the production process o,p’ -DDT is also
formed as a byproduct (15–20%) and in addition,
trace amounts (ca 100 ppm) of tris(4-chlorophenyl)
methane (TCPM) is formed (Buser et al., 1995). Tris
(4-chlorophenyl) methanol (TCPM-OH) has been suggested to be a metabolite of TCPM and/or a pollutant
from production of optical active polymers (Walker et al., 1989, Buser et al., 1995).
TCPM-OH has also been produced industrially.
DDT is metabolized to 1,1-dichloro-2,2-bis(4-chlorophenyl)ethene (DDE) and
1,1-dichloro–2,2-bis(4-chlorophenyl)ethane (DDD) and further to di(chlorophenyl)
acetic acid (DDA). However, the major metabolite is DDE, which is highly persistent. Hydroxylation on the phenyl rings occurs and such metabolites have also been
determined in e.g., seal faeces (Jansson et al.,1975). DDE is further metabolized via
the MAP, as exemplified by the formation of methyl sulphonyl metabolites of DDE
(MSF-DDE), which are ubiquitous contaminants (Letcher et al., 1995).
In environmental samples, the concentration of DDT is often given as sDDT,
which is the sum of DDT, DDE and DDD. o,p’-DDT, known as an endocrine disrupting compound, is rarely analysed separately, if at all, because the concentrations are
much lower (often <1%) compared to sDDT or DDE (Jansson et al., 1993; Lundén
and Norén, 1998). Generally, in biota, the most abundant compound is p,p’ -DDE
and the relative amount of p,p’ -DDT present is an indication of how recently DDT
was released.

Environmental levels
The levels of p,p’-DDE and total DDT in
Baltic herring, ringed seal and human milk
are shown in Figures 5.2, 5.3 and 5.4. In
analysis of p,p’- and o,p’ -DDT in different
Swedish species, the o,p’-DDT level was
below the detection limit except in Skagerrak and Baltic herring, where the o,p’-DDT
levels were 50–500 times lower (10 and 21
ppb lipid weight (l.w), respectively) than
p,p’-DDT (Jansson et al., 1993). Unusually
high concentrations of o,p’-DDT compared
to p,p’-DDE were determined in the tissues
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of fin whales (Balaenoptera physalus). The
p,p’-DDE to o,p’-DDT ratio was only ca
1.5. The total concentrations were low, 260
ppt l.w. as were the PCB levels, ca 1 ppb l.w.
(Aquilar and Borrell, 1994). Interestingly,
o,p’-DDT was determined only in the brain,
but not in muscle, liver or kidney from bald
eagles from Lake Superior. The o,p’-DDT
concentrations were 0.05 and 0.18 ppm wet
weight, respectively, in the two analysed
samples, whereas the p,p’-DDE concentrations were 1.5 and 16 ppm (Kozie and
Anderson, 1991).

The sDDT-levels in Swedish human milk
(Stockholm mothers’ milk Centre) has decreased about 10-fold since 1972 (Figure 5.5,
Lundén and Norén, 1998). The o,p’-DDT levels were only determined in human milk samples from 1990–1992 and were between 2 and
4 ppb in those samples. The rapid decline
makes it difficult to compare the concentrations in other human samples but it is interesting to note that the concentrations of sDDT in
Mexico are as high as 14,000 ppb l.w. (mean
value, range 500–162,000 ppb l.w.; Waliszewski et al., 1995).
In Swedish mother’s milk, MSF-DDE has
been determined and the concentration in the
pooled sample from 1992 was 0.46 ppb l.w.
(Figure 5.4). The MSF-DDE to DDE ratio was
consistently 0.002 in all samples (Norén et al.,
1996).

The contaminant TCPM, and the structurally
related TCPM-OH, are both persistent and
bioaccumulating, as indicated by the high
concentrations of these compounds in biota at
higher trophic levels. TCPM-OH was first
identified and reported in blubber from the
harbour seal (Phoca vitulina) in Puget Sound
at concentrations ranging from 23 to 750 ppb
l.w. (Walker et al., 1989). TCPM-OH has
since then been shown to be globally distributed and in one of the most highly polluted
areas, the mean concentration of TCPM-OH
in peregrine falcon eggs from British Columbia was 1,100 ppb l.w., TCPM 2000 ppb and
the sDDT concentration 1,600,000 ppb (Jarman et al., 1992).

Figure 5.2. Some environmental pollutants in Baltic herring. Data from Jansson et al., 1993.
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Figure 5.3. Environmental contaminants in Ringed seal blubber. All data but the HCB are from the same seal
material. Data from a = Jansson et al., 1993, b = Bergek et al., 1992; c = Zook et al., 1992; d = Andersson
and Wartianen 1992; e = Haraguchi et al., 1992; f = Blomkvist et al., 1992.

Figure 5.4. Levels (ppb lw) of environmental pollutants determined in mothers’ milk. Data from a = Krüger
et al., 1988; b = Krüger 1988; c = Johansen et al.,1994; d = Rahman et al., 1993 (Swedish milk samples);
e = Norén et al 1996; f = Lundén and Norén 1998.
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Figure 5.5. Time trend of PCB and sDDT in human milk (ppb l.w.) from 1972 to 1992.
Data from Lundén and Norén, 1998.

In polar bear liver, the TCPM-OH concentration was 4,000 ppb l.w., which was only 2.5
times lower than the sDDT (10,000 ppb)
(Jarman et al., 1992). TCPM-OH has been determined, e.g., in Baltic ringed seal liver
(3,000 ppb l.w.) and blubber (ca 1,000 ppb
l.w.) (Figure 5.3). TCPM has been determined
in some Dutch eel samples at low ppb levels
(de Boer et al., 1994).

TCPM-OH is also present in Swedish breast
milk at low concentrations, 2–3 ppb l.w. (The
PCB concentrations in these samples were
224±80 ppb and sDDT 650±370 ppb l.w.)
(Rahman et al., 1993) (Figure 5.4). There was
no correlation between the TCPM-OH and
other organochlorine contaminants. The origin of TCPM-OH is still not clarified.
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Methoxychlor and Dicofol
These two compound were introduced as pesticides to replace DDT and are structurally similar.
Both compounds are now banned in Sweden but
are still used in many countries, including some
EU-countries. Dicofol is produced from DDT and
the final product may contain DDT as a contaminant. Methoxychlor is metabolically
demethylated and forms hydroxylated derivates that are structurally similar to
hydroxylated DDT-metabolites.

γ-Hexachlorocyclohexane (γ-HCH, Lindane)
An example of a pesticide that has been studied for endocrine effects is
γ-HCH, also called Lindane. In the technical product other isomers are
also present but γ-HCH is the most active as an insectide. While the
purified γ-HCH was used in Sweden, the crude product is still often in
use in developing countries. The β-HCH isomer is the most persistent and both αand β-HCH reach Sweden by long-range transport. The HCHs are lipophilic and
persistent and can biomagnify in food webs.
Lindane, which is not used in Sweden but in most EU-countries, is transported to
Sweden by long-range transport and during the spraying season, the concentrations
of Lindane in rain water increase in Sweden (Kreuger, 1995). β-HCH and α-HCH,
are more persistent than γ-HCH and are bioaccumulated in the food webs (Jansson et
al., 1993). In Italian human milk, β-HCH was 180 ppb l.w. and in Norwegian human
milk, a concentration of 33 ppb l.w. was determined (Figure 4.4; Larsen et al., 1994;
Johanssen et al., 1994). In adipose tissue from Iran the concentration of β-HCH was
730 ppb l.w. and of α-HCH 18 ppb (Burgaz et al., 1995).

HALOGENATED INDUSTRIAL CHEMICALS AND
UNINTENTIONALLY FORMED BYPRODUCTS

PCDD and PCDF
Polychlorinated dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs) are groups of lipophilic and persistent
compounds, that are unintentionally formed during combustion (e.g. municipal waste incineration), metal production and reclamation, production of pulp and paper, chlorophenols, and chlorinated
phenoxy herbicides, and at chlorine-alkali plants using graphite electrodes, (Rappe
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1994). In addition, PCDD has been shown to be formed enzymatically in composts
and sewage sludge (Öberg et al., 1990, 1992 and 1993).
PCDD consists of 75 possible congeners and PCDF of 135 congeners. The relative amounts of the PCDD and PCDF congeners vary with production and the congener pattern can therefore be used to identify a source (Rappe, 1994). Both groups
of compounds are highly hydrophobic and log KOW in the range of 6 to 9 for tetra- to
octaCDD have been reported (Götz et al., 1994).
Brominated dibenzo-p-dioxin and dibenzofurans are formed during combustion
of, e.g., polymers containing brominated flame retardants.
The most toxic PCDD congener is 2,3,7,8-TCDD, and it is the standard of toxicity. The toxic equivalence factor (TEF) for other compounds is set as the potency
of the compound/the potency of 2,3,7,8-TCDD. The concentrations of PCDD/Fs
are often presented as the sum of the concentration multiplied with the TEF, yielding toxic equivalents (TEQ s) in the sample.

Metabolism
PCDD/Fs are metabolized at different rates,
depending on substitution pattern. Thus,
2,3,7,8-substituted congeners are more persistent than other congeners, as indicated by
their relative persistence in food chains (van
den Berg et al., 1987; Ryan et al., 1985).
Metabolism occurs via arene oxide formation and hydroxylated metabolites have
been determined for at least tetrachlorinated
congeners (Larsen et al., 1996). In addition,
cleaving of the ether bridges between the
two phenyl rings were shown to occur resulting in catechols.
Environmental levels
Geographically, the PCDD/Fs are of approximately the same level in herring at different locations along the Swedish east

coast (150 ppt TEQ l.w.) but are lower in
herring from the west coast (24 ppt TEQ l.w.
in 1994). The levels of PCDD/Fs are very
low in terrestrial species (de Wit et al.,
1994). Chemically, levels of total PCDD/F s
in herring from the Baltic have been reported to be around 700 ppt l.w. The levels
in seals are considerably lower, 11 and 50
ppt in ringed seal and grey seal respectively
(Asplund et al., 1990). The levels in fisheating birds is much higher, 1,100 and 2,700
ppt in guillemot and sea eagle respectively,
but the levels have decreased about five
times from 1972 to 1992 (de Wit et al.,
1994). In Figures 5.3 and 5.4, examples of
PCDD concentrations in ringed seal blubber
and human milk are shown.
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PCB
Polychlorinated biphenyls (PCBs) were produced for use as flame retardants
and plasticizers with a wide range of applications, such as in capacitors, heatexchangers, transformers, hydraulic oils, sealants, dedusting agents, paint
and self-copying paper. They were produced by chlorination of biphenyl
which resulted in products consisting of many individual chlorinated biphenyls (CBs). Theoretically, 209 CBs can be formed but in technical mixtures ca 130
CBs have been identified. CBs are highly hydrophobic with log KOW ranging from 4
up to 8 (Rapaport and Eisenreich, 1984). They are persistent to degradation in the
physical environment compared to in biota where biotransformation of certain CBs
may be rapid. The structure determines the biological transformation rate and is also
highly relevant to potential toxicity, with features such as number of ortho-chlorine
atoms and presence of adjacent unsubstituted meta-/para-positions as the most important. (Figure 5.6).
PCBs are metabolised both to hydroxylated metabolites (OH-PCBs) and methyl
sulphonyl metabolites (MSF-PCBs) (Figure 5.7). Both types of metabolites can, depending on structure, be selectively retained in organisms. Certain OH-PCBs are
retained in plasma because they have a structural similarity to thyroxine and therefore compete with thyroxine for a carrier protein, transthyretin (Lans et al., 1993).
The OH-PCBs have been determined in the blood of humans as wells as in several
wild-life species and the concentrations of these OH-PCBs are for instance in human
plasma, 10–50% of the PCB concentration (Bergman et al., 1994a). Depending on
structure, MSF-PCBs may bind to proteins in different tissues, and have also been
determined in several wild-life species, e.g. seals, as well as in human milk (Figures
5.3 and 5.4).

Figure 5.6. Structure of PCB, position nomenclature and two examples of PCB
congeners i 3.3’4.4’-tetra-chlorobiphenyl
(CB-77) and 2.2’4.4’5.5’-hexachlorobiphenyl (CB-153) (Ball-Schmiter et al.,
1993).
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Figure 5.7. Examples of hydroxylated
and methylsulphonyl-substituted PCB
metabolites.

PCBs are still of major concern for the society due to high concentrations in biota
compared to other environmental contaminants.
Polybrominated biphenyls (PBBs) are brominated analogues of PCBs and are still
used as flame retardants. The chemical and physical properties are similar to those of
PCBs although brominated analogues are more lipophilic. The congener pattern of
the technical products consists of fewer congeners than technical PCB mixtures and
in lower brominated products than the decaBB, the 2,2',4,4',5,5'-hexaBB is the major
component (Ballschmiter et al., 1989). DecaBB is still used as a flame retardant and
it can not be excluded that this compound is abiotically transformed to lower
brominated compounds.

Metabolism of PCBs
Chlorinated biphenyls are mainly metabolised
via arene oxides but direct insertion of hydroxy-groups also occurs (Preston et al.,
1983; Koga et al., 1995). The metabolic rate
depends on the substitution pattern so that
CBs having unsubstituted adjacent meta-/
para-positions are more susceptible to metabolism than those having chlorine atoms in
one or both positions. CBs with the latter type
of substitution pattern are those dominating in
species at higher trophic levels. Thus 12 congeners constitute ca 80% of the total PCB
concentration in human adipose tissue (Borlakoglu and Haegele 1991). The half-life of
higher chlorinated PCB congeners (corresponding to Aroclor 1254) has been calculated to be 4.8 years in occupationally exposed workers (Phillips et al., 1989).
PCBs are converted to phenolic metabolites,
which in general are conjugated and excreted,
but may also form MSF-PCBs via the mercapturic acid pathway (Bakke et al., 1982, Bergman and Klasson Wehler, 1996, Klasson Wehler et al., 1996). CBs with a chlorine atom in a
para-position can also be converted to 1,2shifted hydroxylated metabolites (Yoshimura
et al., 1987; Klasson Wehler et al., 1989; Koga
et al., 1992; Klasson Wehler et al., 1993; Ariyoshi et al., 1995). In addition to being hydrophobic and bioaccumulating, many of the
MSF metabolites are selectively retained in

tissues, due to protein binding (Bergman et al.,
1979; Brandt and Bergman 1987; Bergman et
al., 1994b; Bergman and Klasson Wehler
1996).

Environmental levels
PCBs are found at all trophic levels in the
environment and they are biomagnified in
the food chains (Jansson et al., 1993; Norstrom et al., 1988; Kannan et al., 1995). In
the Swedish environment, PCB levels are
regularly monitored and in e.g. guillemot
eggs from the Baltic area, the levels have
dropped approximately 4 times from 1971
to 1995 (Bignert et al., 1995).
Reported values for human adipose tissue
vary from 150 to 1400 ppb l.w. (Tanabe et al.,
1993; Luotamo, et al., 1991), plasma ca 1,100
ppb l.w. (from Swedish men with a normal
consumption of fish, (Asplund et al., 1994)
and in human milk. The total PCB concentrations in human milk has decreased from 1,100
ppb l.w. in 1972 to 380 ppb in 1992 (Lundén
and Norén, 1998) (Figure 5.5). The latter concentration is similar to the levels found in a
Norwegian study, where mothers giving birth
to their first child had a mean level of 372 ppb
l.w. in milk samples collected during the first
days of lactation (day 3–5) (Johansen et al.,
1994).
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MSF-PCBs are present in various tissues
from different species in the environment,
such as in seals from Swedish coastal waters
(Figure 5.3) (Haraguchi et al.,1992; Bergman
and Klasson Wehler 1996 ) and in seal and
polar bears from the Arctic (Letcher et al.,
1995). In human milk, MSF-PCB metabolites
have been reported at levels of 0.5–2 ppb l.w.
(Norén et al., 1996) (Figure 5.4). Also OHPCBs have been determined in human milk,
the same congeners as observed in plasma, but

quantitative data was only given for one congener 4-OH-2,3,5,6,2',4',5'-heptaCB (1.9 pg/g
l.w.) (Newsome and Davies, 1996).
2,2',4,4',5,5'-HexaBB has been found in
biota although at lower levels than most PCB
congeners (e.g. 0.29 ppb l.w. in herring from
Skagerack and 0.16 ppb in Baltic herring;
Grey seal blubber 26 ppb (Jansson et al.,
1993)). PBB has also been determined in German mothers milk at a concentration of 2 ppb
l.w. (mean for 25 women; Krüger et al., 1988).

Polybrominated diphenyl ethers
Polybrominated diphenyl ethers (PBDEs) are produced at approximately
30000 ton/year and used as flame retardants in plastic components used
in electronics but also in textiles. Technical mixtures consist of several
PBDE congeners, with 4 up to 10 bromine atoms. The PBDEs are lipophilic with
calculated log KOW ranging from 5 to 11 (di-to decaBDE) and have been shown to
bioaccumulate (Jansson et al., 1993; Pijnenburg et al., 1995; Sellström, 1996). The
PBDEs are present in environmental samples, such as herring, seal and guillemot
(Figure 5.8; Jansson et al., 1993) but also in human plasma (Klasson Wehler et al.,
1997). PBDEs can be debrominated by UV-light and can also form brominated
dibenzofurans (Watanabe and Tatsukawa, 1987). Half lives for PBDE congeners in
rats have been reported to range from 19 to 129 days (tetra to hexaBDE) (von
Meyerinck et al., 1990), indicating a slow metabolism. In contrast, decaBDE has been
reported to be rapidly metabolized and excreted in the rat (ElDareer et al., 1987).

Metabolism
Few metabolism studies have been performed
with halogenated diphenyl ethers. Generally,
the most common metabolic route seem to be
hydroxylation, whereas ether bond scission
seems to be a minor route (Becker et al.,
1991).
14
C-Labelled decaBDE is metabolized by the
rat, and forms at least 3 metabolites that are
more polar than the parent compound. At 72 h
after the iv dose, 74% of the dose was present
in faeces and gut contents, as determined by
radioactivity, and 63% of the excreted faecal
radioactivity corresponded to metabolites (El
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Dareer et al., 1987). These data indicate that
decaBDE is rapidly metabolised and excreted.
In contrast, 2,2',4,4'-tetraBDE is metabolised
and excreted very slowly by the rat. Only 15%
of an oral dose was excreted (primarily via
faeces) within 5 days, mainly as parent compound. In this study, metabolism in the mouse
was studied in parallel and the mouse excreted
20% via faeces (mainly as parent compound)
and 30% via urine (as unidentified metabolites). For both species, the tissues contained almost only the parent compound
(mouse liver contained small amounts of OH-

Figure 5.8. Levels of PBDE and PCDE in some biological samples from the Baltic area. Data from a = Koistinen
et al 1995a; b = Jansson et al., 1993; c = Sellström 1996. *Salvelinus alpinus.

PBDE) while hydroxylated metabolites were
present in plasma from both species (Örn and
Klasson Wehler, 1998).

Environmental levels
Several PBDE congeners have been determined in the Swedish environment, and the
2,2',4,4'-tetraBDE is the most abundant congener (Sellström et al., 1993). Time trend
studies for laminated sediment cores in the
Baltic Sea show a 10-fold increase in concentration of 2,2',4,4'-tetraBDE and two penta
BDE s from the latter half of the 1970s and 10
years forward (Nylund et al., 1992). The ac-

tual concentrations of individual PBDE congeners in the more recent sediment layers
were only slightly lower than those of individual PCB congeners (eg., CB153; Nylund et
al., 1992). In guillemot eggs from the Baltic
area, an increase in PBDE concentration was
also observed from 1970s to late 1980s. The
trend during the last years is difficult to interpret since no obvious increase or decrease in
concentration of PBDEs in guillemot eggs has
been seen (Sellström et al., 1993). DecaBDE
was not included in these analyses, nor in
many others due to the analytical difficulties
in determining this compound.
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PBDEs have also been determined in eel
from Dutch rivers and in cod liver from the
North Sea with the highest concentration in
the southern North Sea (de Boer 1989).
PBDEs have been determined in human adipose tissue from the national Human Adipose
Tissue Survey repository from 1987 (USA).
Hexa- to decaBDE were determined, gener-

ally in levels below 1 ppb (Stanley et al.,
1991). The authors only had standards available for BDE congeners from hexa-decaBDE
so tetra- and pentaBDEs were not determined.
In plasma from Swedish male blood donors,
2,2',4,4'-tetraBDEs is present in 4 ppb l.w.
(mean value of 10 samples, Klasson Wehler, et
al., 1997).

Polychlorinated diphenyl ethers
Polychlorinated diphenyl ethers (PCDEs) are byproducts in the production of chlorinated phenols. The byproducts may be present in concentrations up to 1000 ppm (Nilsson and Renberg, 1974). PCDEs have also
been used for production of herbicides (Matsunaka, 1977). PCDEs have been determined in fly ash, probably formed during combustion (Kurz and Ballschmiter,
1995). The physical and chemical properties are similar to those of PBDEs, although PCDEs are not as sensitive to UV-light. Calculated log KOW for decaCDE is
9.8 ±0.5 and for diCDE ca 5.4 ±0.3.
Several PCDEs have been determined at low ppb levels in the environment, e.g. in
seals and salmon from the Baltic as well as in human adipose tissue (see below).
PCDEs are metabolized to phenolic metabolites at varying rates depending on
structure and species. Ortho-hydroxylated PCDEs are also called pre-dioxins. An
ortho-hydroxylated trichlorodiphenyl ether (2-OH-2',4,4'-triCDE) is used as an
anti-microbial agent (Irgasan DP300) in fabrics and as a bacteriostat for shampoo,
soaps and cosmetics (Hanioka et al., 1996).

Metabolism
Metabolism has been studied for several
PCDE congeners in rats and in trout. The rat
forms mainly ortho-substituted hydroxymetabolites, at least of lower chlorinated
congeners but scission of the ether bond
also occurred as a minor metabolic pathway
(Tulp et al., 1979). 2,2',4,5,5'-PentaCDE
was excreted to 56%, primarily via faeces,
by the rat within 7 days after an oral dose.
The excreted material mainly consisted of
unmetabolized pentaCDE. A plasma halflife of 5.8 days was calculated (Komsta et
al., 1988). In trout, 4- mono- and 2,4-diCDE
were primarily hydroxylated in the para-po-
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sitions (Nilsson et al., 1978). The half-lives
of 2,4,4'-tri-, 2,3',4,4'-tetra- and 2,2',4,4',5pentaCDE in juvenile Atlantic salmon were
235 hr, 370 hr and 370 hr, respectively
(Zitko and Carson, 1977).

Environmental levels
PCDEs have been determined in Baltic species such as pike, salmon and grey and ringed
seal at ppb levels (Figure 5.8, Koistinen et al.,
1995a). The PCDE congener pattern varies
but generally one penta-, 2–4 hexa-, and 2
heptaCDE congeners were present in all samples, that were close to pulp mills. In fish

(walleye (Stizostedion vitreum) and lake trout
(Salvelinus namaycush)) from the Great
Lakes, PCDE (tetra – decaCDE) concentrations were 126, 57, 16 and 4 ppb (total PCDE /
wet weight), in whole fish from Lakes
Ontairo, Erie, Huron and Superior, respectively (Niimi et al., 1994).
PCDE congeners, mainly a nonaCDE and
decaCDE, have been determined in human
adipose tissue samples from Finland, USA
and Canada at levels in the low ppb range
(Stanley et al., 1990 and 1991, Williams et al.,
1991, Koistinen et al., 1995a). In the Finnish
study, the congener pattern in human adipose
tissue samples were compared with those in
salmon and seal and were found to vary be-

tween the samples (Koistinen et al., 1995a,b).
Many of the congeners found in the Finnish
study were also found in cod liver oil samples
where, in one of the two samples, the major
congener (2,2',3,4,4',5,5'-heptaCDE) was present at a concentration similar to those of the
most persistent PCB congeners (Kurz and
Ballschmiter, 1995). By comparing the PCDE
pattern in the cod liver samples with the congener patterns in fly ash, wood preservatives,
and technical tetrachlorophenol, the source of
the PCDE in the cod liver samples was suggested to be partly from chlorophenol-production but also from an unknown source (Kurz
and Ballschmiter, 1995).

Chlorinated paraffins (CPs)
Chlorinated paraffins are produced in large volumes for
applications as plasticisers, flame retardants and the active
component in cutting fluids. The world production of CPs in
1985 was 300000 tons and in Sweden, 900 tons were imported in 1995 (C10-C17) according to the Product register at the Swedish Chemical
Inspectorate (Houghton 1993). The CPs consist of either short, intermediate or long
chain polychlorinated alkane mixtures. The short chain CPs are C10-C13, intermediate chain lengths are C14-C18, and long chain CPs have >C18. The CPs products have
a variable chlorine content (40–70%) depending on the application. All CPs are
extremely hydrophobic with log KOW > 6. The number of isomers and homologues
of CPs is high and includes many optically active compounds as well.

Metabolism and environmental levels
CPs are metabolised via oxidation to the corresponding carboxylic acids with the subsequent release of CO2, a reaction that is inhibited at higher degree of chlorination (Darnerud et al., 1982). Sulfur-containing metabolites have also been indicated as degradation
products of CPs (Åhlman et al., 1986).
CPs, even though difficult to analyse, have
been determined in the environment at con-

centrations ranging from 130 ppb l.w. in
Ringed seal to 1600 ppb l.w. in Skagerrak herring (Jansson et al., 1993). It is notable that
high concentrations are observed in herring
and terrestrial mammals whereas the levels
are much lower in seals (Figure 5.9). CPs have
also been determined in human tissues at 200
to 1500 ppb l.w. (Campbell and McConnel,
1980).
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Figure 5.9. Levels of chlorinated paraffins (CPs) in some Swedish wildlife species (Jansson et al.,1993).
Sk = Skagerrak; BP = Baltic Proper; BB = Bothnian bay.

Halogenated phenols and benzenes
Halogenated phenols and benzenes are major industrial intermediates, solvents and some of these substances have been used as
fungicides. Polyhalogenated benzenes, e.g. hexachlorobenzene
(HCB), and polychlorinated and polybrominated, as well as
mixed bromo-chloro phenols are also formed in incinerators (Tobin, 1986; Heeb et
al., 1995). Brominated and mixed bromo-chloro phenols are registered as flame retardants and are also used as reagents in the production of other flame retardants.
Chlorinated phenols are metabolic products of chlorinated benzenes (PCBz). Halogenated benzenes and phenols are increasingly lipophilic with increasing number of
halogens, with the brominated analogues more lipophilic than the corresponding
chlorinated compounds. Chlorinated phenols have log KOW ranging from approximately 2 for monochlorophenols up to 5 for PCP (Shiu et al., 1994). The pKa for
phenols is decrease with increasing number of halogen substituents, and particularly
number of ortho-substituted halogen atoms, e.g. PCP has a pKa of 4.2 (Shui et al.,
1994).
Halogenated benzenes are metabolized primarily to phenols, but also to methylthio
ethers. HCB is thus metabolized to pentachlorophenol, which means that the presence of HCB in wildlife and humans must be considered also as an exposure to PCP
(Figures 5.2, 5.3 and 5.4).
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HCB is without question a major environmental contaminant of concern and further, PCP and phenols are of concern due to their presence in high concentrations in
blood (See below).

Metabolism
Halogenated benzenes are metabolised to
phenols as the major metabolites. Conjugation to sulphate and glucuronic acid increases the water-solubility and facilitates
excretion. Metabolism via the mercapturic
acid pathway also occurs, resulting in methyl sulphide metabolites (Koss et al., 1986).
Thus, hexa- and pentachlorobenzene (HCBz,
PeCBz) are both metabolized in the rat to
pentachlorophenol (PCP) as the major
metabolite (Koss et al., 1986; den Besten et
al., 1993). PCP is excreted mainly via urine,
and has been determined both as PCP and as
conjugates in human urine (Koss et al.,
1986). PCP is further metabolized, via reductive dechlorination, to lower chlorinated
phenols, catechols and to tetrachlorohydroquinone (Renner and Hopfer, 1990, Koss et
al., 1986, Ahlborg et al., 1978). The half-life
of pentachlorophenol in rat plasma has been
reported to be 5.6–9.5 h (Yuan et al., 1994)
For humans, a urine elimination half-life of
17 days after a single oral dose has been reported (Uhl et al., 1986).
Environmental levels
Hexachlorobenzene is a ubiquitous pollutant and has been determined in several species at different trophic levels in the Swedish environment (Figures 5.2 and 5.3).
Pentachlorobenzene was determined in a
few of those species but no chlorinated
phenols could be determined, even though
tri-to pentachlorophenols were included in
the analysis (detection limit 3–140 ppb l.w.)
(Jansson et al., 1993). The tissues analysed
were muscle and/or adipose tissue which
may explain the lack of chlorinated phenols,
since these will be present primarily in

blood due to their binding to proteins (van
den Berg et al., 1991).
HCB is present in human adipose tissues at
levels ranging from 10 ppb in a study from
USA to 3800 ppb in a Greek study (Robinson
et al., 1986). Human milk also contains HCB,
but the levels in Sweden have dropped from
130 to 30 ppb l.w. during the last 20 years
(Lundén and Norén, 1998).
PCP is the most studied of the phenols since
it has been used in many applications and, in
some cases of severe exposure even caused
deaths to humans (Hattemeyer-Frey et al.,
1989; Jorens and Schepens, 1993). PCP levels
in human plasma of 15–75 ppb (f.w.) were
reported for a control group in USA whereas
a group of people living in log houses had
69–1340 ppb in their plasma (Cline et al.,
1989). In this study, it was also noted that the
children generally had 1.8 times higher concentrations than the parents, unrelated to the
actual concentration in each case. An explanation was offered suggesting that the children’s
higher metabolic rate, i.e. higher frequency of
breathing, increased their exposure. PCP has
also been determined in human tissues with
the highest concentration (l.w.) in testis
(Wagner et al.,1991). PCP has been determined in human cerebrospinal fluid at levels
0.24–2 ppb (f.w.) in subjects having plasma
concentrations of 4–60 ppb f.w. The concentration in cerebrospinal fluid was not correlated with the plasma levels in any of the persons studied (Jorens et al.,1991).
Chlorinated, brominated and mixed chlorobrominated phenols have been determined in
human plasma (Eva Klasson Wehler, et al.,
1997).
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Polychlorinated naphthalenes (PCNs)
PCNs were, and may still be, used as dielectrical fluids and flame
retardants in addition to be formed during combustion and in chlorine-alkali plants (Järnberg et al.,1993). PCNs are highly hydrophobic
and have a coplanar structure. The persistence of PCN congeners in
the environment varies with structure and metabolic capacity of different species
(Asplund 1994).
PCNs are found in the environment at ppb levels (0.04–50 ppb l.w.) (Jansson et al.,
1993). They are also present in human milk, total PCN was 0.48 ppb l.w. in 1992
(Figure 5.4). That is however almost a 10-fold decrease since 1972 (3.1 ppb l.w.)
(Lundén and Norén, 1998).

Metabolism
Few metabolism studies on chlorinated
naphthalenes have been performed, most of
them with lower chlorinated PCN congeners. The metabolic rate depends on the
structure and in an experiment with rats exposed to a technical mixture, it was shown
that a few quantitatively minor components
in the technical mixture (one pentaCN, two
hexaCNs and one heptaCN) were selectively
retained in the rat tissue, primarily in the
liver, while the other congeners disappeared. These results were partly confirmed in
a metabolism study in the rat, using a radio-
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labelled mixture of PCN. The oral dose was
excreted, mainly as metabolites (hydroxyand methylthio-metabolites), to 99% within
5 days. However, the metabolism occurs via
highly reactive intermediates as shown by
presence of covalently bound the material in
the liver, kidney and lung (75, 67 and 59%
of the total 14C in the tissues) (Jakobsson
1994; Klasson Wehler unpublished). The
dominating extractable compounds in the
liver were the previously mentioned hexaCN congeners.

INDUSTRIAL CHEMICALS
Alkyl phenols
Alkylphenols are primarily used after ethoxylation to alkylphenol ethoxylates (APE). These are non-ionic surfactants used
as detergents, emulsifiers, wetting and dispersion agents in,
e.g., paints. Alkylphenols are used as additives in lubricating
oil, as spermicides in contraceptive foams and as antioxidants in
PVC and polystyrene plastics (Platt, 1978). Nonylphenol (NP) has also been shown
to be released from polycarbonate plastic products (Soto et al., 1991).
Alkylphenols are produced by alkylation of a phenol with an alkene yielding
mainly para- but also ortho-substituted products. For technical productions, the
alkyl-chain is branched and the degree of branching is determined by the alkene used
for the coupling reaction. By a reaction with ethylene oxide, 2–40 ethoxy-groups are
added to the phenol, forming alkyl phenol ethoxylates. The hydrophilicity of the
APEs is determined by the number of ethoxylate-groups and the chain length of the
alkyl group (Ahel and Giger, 1993).
APEs are degraded by stepwise removal of the ethoxy-groups, yielding the parent
alkylphenols, and concomitantly decreasing the hydrophilicity. The degradation rate
of the APs depends mainly on the branching of the alkyl chain (Brunner et al., 1988;
Ekelund et al., 1990). The log KOW of e.g., 4-oktylphenol (OP) is 4.1 and for nonylphenol (NP) values vary from 4.2 to 6.4 (Shiu et al., 1994). NP and OP may thus be
bioaccumulated and for NP, bioconcentration factors (BCFs) of 1,300 in fish and
3,400 in molluscs have been reported (Ekelund et al., 1990). With a decrease in alkyl
chain lengths, the log KOW decreases (Shiu et al., 1994). The pKa of alkyl phenols
range from 9 to 11 (Shiu et al., 1994).

Metabolism and environmental levels
Few metabolism studies of APs and/or APEs
have been reported. In rats, nonoxynol-9 (NP
with 9 ethoxy-groups) is metabolized to NP
and subjected to glucuronidation. Radiolabelled nonoxynol-9 has been shown to be
cleared from rat liver and kidneys within 48 h
(Nimrod and Benson 1996). Degradation and
metabolism studies have mainly been performed with straight chain alkyl whereas the
technical products consist of mainly branched
alkyl chains.
NP and NPE with 1–3 ethoxy-groups are
detected in sewage systems effluents and NP

has been determined in sediment near sources.
Short-chain APs are also released from the
deposits of oil-shale from Kothla-Järve in Estonia (personal communication, Åke Bergman). In Sweden, NP has been detected in recipients close to sources, such as downstream
from a sewage treatment plant in Göta Älv
(160 ppb in water) and at a concentration of 2
ppb in sea water in an industrially affected
area at the Swedish west coast (Malmqvist and
Duus, cited in TemaNord 1996). So far, reported data on environmental levels of APEs
and APs are from industrially affected areas.
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Phthalates
Phthalates are phthalic acid esterified with different alcohols, such as
butanol, bensylalcohol and 2-ethylhexanol, and are used as plasticisers
in many different applications. Dibutyl phthalate (DBP) and butylbenzyl phthalate (BBP) are included here due to reports on potential
endocrine disrupting effects. DBP has a log KOW between 4.6 and 4.9
and BBP between 4.9 and 5.2. Both are bioconcentrated in organisms at low trophic
levels (mussels) but are metabolized and excreted by fish, birds and mammals, primarily as phthalic acid and the mono-ester (reviewed in TemaNORD 1996). Neither
compound is considered to bioaccumulate in food chains and both are biodegradable.
DBP levels between 0.01 and 2 mg/l in river water in industrialized areas of Europe have been reported (Reviewed in TemaNORD 1996). Information is more limited on BBP but in 25% of samples from the Rhine (surface water and effluents) BBP
was detected at a mean concentration of 0.078 mg/l (highest value 49 mg/l) (TemaNORD 1996).
Tetrabromophthalic anhydride is used as a flame retardant. In contact with water,
this compound is hydrolysed to tetrabromophthalic acid.

Bisphenol A
Bisphenol A is used in the production of epoxy and polycarbonate
resins, as a stabilizer in PVC and as an antioxidant in rubber and
plastics. Bisphenol A is also active as a fungicide. In 1995, 18
tons were imported to Sweden as raw material for processes and
15 tons were imported included in chemical products (Prod. Reg. KemI). Log KOW
between 2.2 and 3.8 has been reported, and a water solubility of 120 mg/l at 25oC
(TemaNORD 1996). The pKa for bisphenol A is in the range of 9 to 11.
Only one study on the metabolism in mammals has been found, showing that
bisphenol A is excreted by rats via faeces and urine, as such and/or as glucuronides
(Knaak et al., 1966, cited in TemaNORD). The degradability of bisphenol A seems to
be fairly rapid but not rapid enough to be defined as readily biodegradable (Tema
NORD 1996).
There are almost no data on concentrations of bisphenol A in the environment. In a
polluted river in the Tokyo area of Japan, 0.06–1.9 mg/l were determined but no data
on bisphenol A levels in aquatic systems, sediments or terrestrial systems from Europe have been found. Bisphenol A has been reported to be released from lacquered
cans (up to 33 mg/can), from polycarbonate flasks during autoclaving (up to 3.4 mg/l)
and from dental cement (Krishnan et al., 1993; Brotons et al., 1994; Olea et al.,
1996).
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The high water solubility and fairly rapid biodegradation make it unlikely that
bisphenol A should be bioaccumulated. At point sources and by contamination of
food items, the compound may be a hazard.
Bisphenol B is structurally similar to bisphenol A except that one of the metyl
groups is exchanged for an ethyl-group. The compound is used for production of
phenolic resins.

Tetrabromobisphenol A
Tetrabromobisphenol A (TBBP-A) is used in the production
epoxy-resins, for printed circuit boards, and ABS-polymers.
TBBP-A is structurally similar to bisphenol A but has bromine atoms on the carbons ortho to the hydroxy-groups,
which increases the hydrophobicity. The pKa for TBBP-A will
be much lower than for the non-brominated analogue and by comparing with the pKa
of OH-PCBs with different number of chloro-substituents (Ebner and Braselton,
1987), a pKa lower than 7 can be expected.
There are no data available on metabolism or degradation of TBBP-A and only
few studies on presence in the environment. In mussels and sediment in a polluted
river in Japan, a concentration of 5 ppb wet weight mussel was determined. The
concentration in the sediment was 20 ppb dry weight (Watanabe et al., 1983). In a
Swedish study, TBBP-A was determined up- and downstream from a plastic industry
producing epoxy-resins. The levels were ca 8 times higher downstream, indicating
that the compound was released from the industry. TBBP-A was also determined in
an electric circuit board showing that the polymerization is not quantitative
(Sellström and Jansson, 1995).
TBBP-A has been shown to compete in vitro with thyroxine for the binding site on
TTR (Brouwer, personal communication).

ADDITIONAL COMPOUNDS

F

or many compounds, data on potential adverse effects in general, and endocrine
effects in particular, are very scarce and even absent in some cases. Compounds
that are present in the environment are included in the general exposure. Two such
compounds are therefore presented here as examples of compounds present in the environment.
Octachlorostyrene (OCS) is an environmental contaminant
with no known industrial application. It is formed as a byproduct
in e.g. magnesium-production and in the chlorine-alkali process.
Lower chlorinated styrene has been used in the flame retardant
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industry (Kuryula and Papa, 1973). Log KOW for OCS is 6.3–7.7, for tetraCS 4.3 and
for diCS 3.4. OCS has been determined in fish and herons from the Great Lakes
(10–430 ppb) (Kuehl et al.,1976; Reichel et al., 1977) and in plasma from occupationally exposed persons (up to 5 ppb) (Lunde and Bjorseth, 1977).

Metabolism
OCS is slowly metabolised and excreted.
Only 8% of an iv dose was excreted, primarily as unchanged OCS, by the rat within 7
days. The highest concentrations (on a fresh
weight basis) were found in adipose tissue
and adrenals. Metabolism primarily took
place on the vinyl-group but other metabo-

lites were also formed (Chu et al., 1982). In
cod exposed to radiolabelled OCS, high concentrations were observed in the brain
(Ingebrigtsen et al., 1988). OCS has also been
found in rain water in Ontario (1.6 ng/l) and in
the river Elbe (1–1.9 ng/l) (Sanderson and
Weis, 1989; Ernst et al., 1984).

Bis(4-chlorophenyl) sulphone (BCPS): BCPS represents a
new type of environmental contaminant, being a semivolatile
plastic monomer (Brydson 1995). It is used for the production
of polysulphones and amorphous polyarylene sulphides, but it
is also used as a chemical in the textile dye industry and has been used as a pesticide
in the former Soviet Union (Tarasenko 1969). It cannot be excluded that it is a byproduct in other pesticides such as Tetradifon, Tetrasul, Sulphenone, and 4chlorobenzene sulphone amides. There is little or no present use of BCPS in Sweden. BCPS is a hydrophobic compound with a calculated log KOW of 4.1 and a
chemical structure with resemblance to DDT. Commercial BCPS product contains
minor amounts of two isomeric substances.
BCPS has been detected in biota in the Swedish and Latvian environments. The
concentrations of BCPS in fish from 1994 and 1995 was on average 70 ppb l.w.
which can be compared to the concentration of approximately 100 ppb l.w. of the
persistent PCB congener CB138 (2,2',3,4,4'-5'-hexaCB) in the same sample. BCPS
was also present in grey seal and white tailed sea eagle (Olsson and Bergman,
1995). BCPS has been detected in drinking water in USA (Lucas, 1984).

88

ESTIMATION OF HUMAN EXPOSURE

H

uman exposure to endocrine disrupting compounds may be expressed either as
internal or external exposure. External exposure is the intake of compounds via
food or inhalation whereas internal exposure is the presence of compounds in the
body and therefore potential possibility to reach target tissues. The presence of pollutants in biota shows that external exposure for these compounds or their precursors
has occurred. Internal exposure can be determined by analysis of levels in blood or
tissues. Anthropogenic compounds present can via the blood reach all tissues and
organs in the body. For steady-state situations, levels of most lipophilic persistent
compounds in the blood are representative for concentrations in muscle or adipose
tissue, when expressed on a lipid weight basis, and may therefore be used for estimation of body burden. This is not valid when selective tissue localization occurs due to
binding of a compound to a specific macromolecule. Apart from this, a proper way
to estimate the internal dose of exogenous compounds may thus be by analysis of
blood plasma. Blood is particularly useful since the exposure to less persistent compounds, at least at the time of sampling, can also be determined. Another matrix for
determining internal exposure is milk, which reflects the internal exposure of the
mother. In addition, the milk is external exposure for the infant. An extensive data
material has been obtained through analysis of mothers milk (e.g., Lundén and
Norén, 1998; Norén et al., 1996). The concentrations of different pollutants in human milk are given in Figure 5.4.
External exposure is estimated by determining the concentrations of the pollutant
in food items and estimating the dietary consumption. It should be noted that there
may be large variations due to the difficulties in estimating diets and that any uptake
via the lungs, which occasionally is an important route, e.g., for PCP, is not included
(Cline et al., 1989). In most experimental toxicity studies it is only the external dose
that is given and thus the daily intake is used for risk assessment. In Table 4.1, compounds that have been determined in human milk are listed and the estimated daily
intake values are given.
In Denmark, human intake values for Dicofol, methoxychlor and HCHs have been
estimated to be lower than 1.8 µg/day (TemaNord, 1996). In the UK, total daily intake of PCP was estimated to be 5.7 µg for the general population and 39 µg for an
occupationally exposed population (34 µg due to inhalation) (Wild and Jones, 1992).
In the UK, daily intake for phthalates was estimated to be 8 µg for BBP, 13 for DBP
and 150 for DEHP. (MAFF, 1996). For the other compounds discussed in this chapter, PCN, halogenated phenols and benzenes other than HCB, AP, bisphenol-A,
tetrabromobisphenol-A, PCN, PCDE, CPs, OCS and PCDE, there are no appropriate
estimates available.
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TABLE 5.1. Daily intake (µg/day) of xenobiotics from food, selected by their presence in
mothers milk (cf Figure 4.4). Approximated averages for adults in Sweden.
Compound

Approximated
daily intake (µg)

Reference

total PCB

3.2

Wicklund-Glynn et al, 1996

MSF-PCB

nd

sDDT

1.2

Wicklund-Glynn pers. comm.

DDE

0.8

Wicklund-Glynn, pers. comm.

MSF-DDE

nd

HCB

0.4

PCN

nd

PDDD/F

<0.000147

De Wit et al 1997

α- and β-HCH

0.7

Wicklund-Glynn, pers. comm.

TCPM-OH

nd

PBDE

0.2-0.7*

PBB

nd

Wicklund-Glynn, pers. comm.

Darnerud, et al., 1998

# nd = not determined;
* Rough estimate

SUMMARY

T

he chemical properties, environmental levels, metabolism, and use of several
environmental contaminants have been described. The chemico-physical properties will determine the behaviour in the environment and in an organism. For some
of the compounds (PCB, DDT, PCDD/F), there is much data whereas for some
(TBBP-A, bisphenol-A, NP, BCPS), data on environmental levels, kinetics and metabolism are very limited.
PCBs and DDT are banned in Sweden but are still present at high concentrations in
the environment. PCDE, HCB, OCS, TCPM and PCDE/Fs are byproducts and/or
formed during, e.g., combustion and can therefore not be banned although emission
can be regulated. PBDE, BCPS, CP, PBB, TBBP-A, NP and bisphenol-A are examples of compounds that are still being used. For PCN, the present use is unknown but
the compound is found in products, and it is formed in certain industrial and combustion processes.
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Compounds present in an organism provide evidence of exposure, and therefore
levels of the compounds in wildlife and in humans have been presented. Persistent
lipophilic compounds bioaccumulate in the organism and the internal exposure does
thus increase.
Endocrine modulating effects may be caused by the parent compound but also
after bioactivation due to metabolism. Metabolism may thus either produce or eliminate the active compound. The rate with which this occurs is crucial for potential
effects. Therefore, data on kinetics and metabolism have been given when available.
The structure of hydroxylated xenobiotics, and of hydroxylated xenobiotic
metabolites, which have estrogenic effects are shown in Figure 5.10.
Some phenolic and methyl sulphonyl metabolites of environmental contaminants
(PCB, DDT, HCB) are lipophilic and may be retained in organisms. Selective retention due to binding to proteins occurs in some cases.
Some compounds, such as halogenated diphenyl ethers and certain OH-PCBs,
have an obvious structural similarity to thyroid hormones (Figure 5.11). Data on
potential effects are however still lacking.

Figure 5.10. Structures of some xenobiotics and xenobiotic metabolites that have been
reported to exert estrogenic effects.

91

Figure 5.11. Structures of some phenolic, or metabolically hydroxylated, xenobiotics that compete
with thyroxine for transthyretin, and structures of other potential competitors (to the right).
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6. EXPERIMENTAL STUDIES OF DIFFERENT
ENDOCRINE MODULATORS

PHYTOESTROGENS AND MYCOESTROGENS

B

esides xenobiotics having endocrine effects, there are naturally occurring
estrogenic compounds that are derived from plants (phytoestrogens) or fungi (mycoestrogens). These include, e.g., isoflavones (genistein and daidzen), coumestrol, and the
mycotoxin zearalenone. While the synthetic environmental xenoestrogens are usually
fairly persistent, the phytoestrogens are readily metabolized by most animals.

Reproductive and developmental
disturbances
The reproductive toxicity of phytoestrogens
and mycoestrogens was first recognized in
livestock, and sheep and swine seem to be
especially sensitive. In rams that were fed
clover, which contains isoflavones, reduced
sperm counts were noted (Kaldas and
Hughes 1989) and ewes that graze clover
rich in estrogens exhibit a syndrome characterized by decreased sexual behavior, altered cervical mucous and epithelium, and
decreased fertility (Adams 1983). In swine,
severe reproductive disorders have been observed after feeding with zearalenone-contaminated food. The disorders include infertility, abortion and vulvovaginalis (Mirocha
et al., 1971). Inhibited reproduction in California quail (Lophortyx californicus) in a
dry year was suggested to be due to ingestion of phytoestrogens which under dry conditions are produced in the leaves of stunted
desert annuals (Leopold et al., 1976).
Interactions with hormones and
hormone receptors
Steroid hormones

Following uptake from the gut, the plant
isoflavones and lignans are metabolized
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into hormone-like compounds that both
bind to the estrogen receptor and are able to
induce estrogenic responses (Setchell and
Adlercreutz 1988). The phytoestrogens induce steroid hormone binding globulin
(SHBG) in the liver and this has been suggested to reduce the availability of the endogenous steroid hormones for the cells
(Adlercreutz et al., 1995). This would result
in reduced steroid hormone activity and to a
reduction of their metabolism and clearance. The effects of phytoestrogens on the
production of SHBG have been corroborated by in vitro studies using HepG2 cells
(Mousavi and Adlercreutz 1993). As suggested by Adlercreutz and co-workers
(1995), this may explain the high SHBG
levels in vegetarians. In premenopausal
women, dietary exposure to isoflavones
modified sex hormone status (Cassidy et
al., 1994, Cassidy and Bingham 1995).
The interaction of phytoestrogens with various estrogen-regulated systems does not necessarily lead to deleterious effects. It has been
proposed that phytoestrogens, by inducing
SHBG, reduce the hormone-related cancer incidence (Adlercreutz et al., 1995). It has for
instance been shown that lignan-containing
linseeds inhibit mammary tumor formation in
rats (Serraino and Thompson 1991).

It has also been shown that phytoestrogens
interact with the estrogen receptor and mediate estrogenic responses (Mathieson and Kitts
1980, Miksicek 1994, Scarlata and Miksicek
1995, Mellanen et al., 1996, Wang et al.,
1996). In a study on ewes it was observed that
genistein and coumestrol competed with
estradiol-17β for the binding to the estrogen
receptor (Mathieson and Kitt 1980). The binding affinity of several phyto- and mycoestrogens to the estrogen receptor has been determined in vitro assays (Miksicek 1994,
Scarlata and Miksicek 1995). Zearalenone
showed the highest binding affinity to the
estrogen receptor. Other compounds that were
found to bind in decreasing order of affinity
were, β-zearalenol, coumestrol, genistein,
diadzen, phloretin, fomononetin and biochanin A (Miksicek 1994). The binding of all
these compounds was inhibited by 4-hydroxytamoxifen. Genistein has furthermore been
shown to induce pS2 mRNA expression in
MCF-7 cells at concentrations down to 10-8 M
(Wang et al., 1996). In a study of wood-derived estrogenic substances it was shown that
β-sitosterol and betulin conferred estrogenic
responses (Mellanen et al., 1996). β-Sitosterol
was found to increase proliferation in T-47D
cells and to induce vitellogenin synthesis following injection into rainbow trout. Even
though β-sitosterol binds poorly to the ER it is
able to stimulate vitellogenin levels in male
goldfish to 60% of the level attained with administering a similar dose of estrogen (Mac
Latchy and van der Kraak 1995). However,
the compound did not increase proliferation in
MCF-7 cells. Betulin and abietic acid on the
other hand activated proliferation in MCF-7
and T-47D cell lines, respectively, but did not
induce vitellogenin in rainbow trout.

The recently identified new member of the
estrogen receptor family (ER-β) has a higher
relative binding affinity to coumestrol and
genistein than ER-α while β-zearalenol binds
equally well to both ER isoforms (Kuiper et
al., 1997). Of the phytoestrogens tested,
coumestrol was found to have the highest
binding affinity to both ER isoforms, with a
higher affinity than 17β-estradiol to ER-β.
The two isoforms are differentially expressed
in different rat tissues (Kuiper et al., 1997).
Thus, the effect of phytoestrogens may differ
between organs depending on the ER isoform
that is most abundant as well as on the specific
phytoestrogen to which the organism is exposed.
Intraperitoneal injection of β-sitosterol
causes a decrease in plasma testosterone and
11-ketotestosterone in goldfish (MacLatchy
and van der Kraak 1995). Isoflavones have
been indicated to be potent inhibitors of βhydroxysteroid dehydrogenase, an enzyme involved in steroid metabolism (Keung 1995).
This enzyme is important in the conversion of
pregnenolone to progesterone and testosterone.

Thyroid hormones
Lueprasitsakul et al., (1990) reported that a
synthetic plant isoflavone displaced T4
from TTR and increased serum concentration of T4 in the rat. It has also been shown
that soy protein increases T4 levels in the
blood of laboratory animals (Forsythe 1995,
Potter et al., 1996).
Retinoids
No data was found showing that phytoestrogens can modify retinoid pathways.
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DDT

A

number of studies have shown that DDT causes adverse effects on the repro
duction of various animals. DDT compounds affect endocrine function in various ways and are known to interact both with the estrogen and androgen receptors.
Although DDT exerts estrogenic effects in different animals, these effects may be
mediated, at least in part, via inhibition of androgen function. o,p’-DDT is generally
found to be the most potent estrogen receptor agonist of the DDT compounds, although it is orders of magnitude less potent than DES. It is probable that biotransformation of o,p’-DDT results in compounds being more potent estrogen receptor
agonists than the parent compound. p,p’-DDE has proven to be very potent in reducing shell-thickness in various birds and it has recently been reported that this compound also acts as an antiandrogen. Another metabolite, 3-methylsulfonyl-DDE, has
proven to be highly toxic to the glucocortioid-producing zona fasciculata in the
adrenals.
Comprehensive criteria documents and risk assessments concerning DDT include
IPCS (1979, 1989b) and US Dept. Health (1992).

Reproductive and developmental
disturbances
That DDT can exert effects on sexual development was apparent already in the 50s
when Burlington and Lindeman (1950) presented data indicating that injection of DDT
into juvenile roosters resulted in reduced
testicular size and female appearance. They
suggested that DDT could have estrogenic
activity.
Örberg et al., (1972) found that an intraperitoneal injection of DDT (40 mg/kg) in sexually mature female mice caused prolongation
of the estrus cycle. When technical DDT (containing 15–20% o,p’-DDT) was administered
orally (3 mg/kg body weight) to sexually mature female rabbits three times a week over a
period of 12–15 weeks, a significantly reduced ovulation rate was observed (Lindenau
et al., 1994).
Rat uterine ornithine decarboxylase activity
is induced by estrogens and Bulger and
Kupfer (1977) found that single i.p. injections
of 0.5 mg of o,p’-DDT or 0.002 µg estradiol-
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17β stimulated the activity. The ED50 -values
were 18 mg and 0.38 mg/kg body weight, respectively. The order of decreasing potency of
DDT analogs was o,p’-DDT, o,p’-DDD, p,p’DDT, p,p’-DDD, and p,p’-DDE.
In vivo uterotrophic action of o,p’-DDT in
rats was inhibited by pretreatment with CCl4
(Welch et al., 1969), indicating that cytochrome P450 was important for formation of
active metabolites of the compound.
In birds, DDT compounds may affect embryonic development by reducing egg shell
thickness or by direct effects on the embryos.
Fry and Toone (1981) injected eggs of California gulls (Larus californicus) and western
gulls (Larus occidentalis) with methoxychlor
and o,p’- DDT and both compounds proved
to cause feminization of male embryos. The
feminized embryos exhibited left, or left and
right oviducts and a left ovotestis. The most
sensitive indicator of feminization was the
presence of germ cells in a thickened ovarylike cortex in the left testis. Persistence of the
right oviduct in female embryos was also ob-

served. In another study, injection of Japanese
quail eggs with o,p´-DDT in ovo was found to
have long-term effects and resulted in altered
mating behavior in both males and females
(Bryan et al., 1989).
In a two-generation study in American kestrels (Falco sparverius), paired females were
exposed to the pesticide dicofol (MacLellan et
al., 1996). Structurally, dicofol (1,1-bis(pchlorophenyl)-2,2,2-trichloroethanol) is DDT
with the addition of a hydroxy group. Females
dosed with 20 mg/kg laid eggs with thinner
shells than those of control birds. Male embryos from females dosed with 5 and 20 mg/
kg exhibited gross morphological changes
with enlarged left testes. Feminization of male
embryos was confirmed by the presence of
primordial germ cells in the male gonad.
The mechanism for eggshell thinning by
DDE has not been completely elucidated although a number of possibilities have been put
forward. Lundholm (1994, 1995) recently
suggested that the probable mechanism for
p,p’-DDE-induced eggshell thinning in ducks
is an inhibition of prostaglandin synthesis in
the eggshell gland mucosa. Lundholm (1995)
proposed that prostaglandin stimulates the
transport of HCO3- from the shell gland mucosa to the lumen. Inhibition of prostaglandin
synthesis would then inhibit HCO3- transport
and thereby also Ca2+ transport.
Effects of DDT on fish reproduction has
been reviewed by Kime (1995). Treatment of
trout, Salmo trutta, and brook char, Salvelinus
fontinalis, with DDT (0.5–3.4 mg/kg bw per
week) for extended periods results in decreased offspring survival. Similarily has egg
and fry mortality in salmonids in polluted waters been correlated with DDT. Treatment of
tilapia, Oreochromis mossambicus, with 1 mg
DDT/l water for 20 days, resulted in inhibition
of the steroidogenic enzymes in both testis
and in ovaries. DDT given in unspecified, but
probably high, doses causes abortion in the
live-bearing mosquitofish, Gambusia affinis.

Interaction with hormones and
hormone receptors
Steroid hormones

Inhibition of the binding of 3H-estradiol to
rat uterus cytosol by different DDT-related
compounds was studied by Nelson (1974).
o,p’-DDT was the most potent inhibitor, being approximately 2000 times less potent
than DES. o,p’-DDD, o,p’-DDE, and methoxychlor were at least 20 times less potent
and p,p’-DDD and p,p’-DDE showed very
low activity. There was a positive correlation between inhibition of binding in vitro
and uterotropic activity in immature rats in
vivo.
In another in vitro study, the binding affinities of DES, o,p’-DDT and methoxychlor to
the estrogen receptor in MCF-7 cells were
compared to that of estradiol. The relative
binding affinities when assayed in 100% human serum were 70% for DES, 0.04% for
o,p’-DDT and <0.004% for methoxychlor
(vom Saal et al., 1995). In serum-free medium, the relative affinities of DES and o,p’DDT were about three times lower. These authors also studied the territorial behavior of
male mice in adulthood following in utero exposure. The relative potencies of DES, o,p’DDT, and methoxychlor in terms of increase
in urine marking were similar as for estrogen
receptor binding in the MCF-7 cells. A DES
dose as low as 0.02 µg/kg maternal body
weight/day from days 11–17 resulted in significant behavioral effects, whereas a 1000
times higher dose of o,p’-DDT and methoxychlor caused similar effects (vom Saal et al.,
1995). o,p’-DDD, o,p’-DDT, DDOH, and
o,p’-DDE were recently shown to bind to an
estrogen receptor prepared from the oviduct of
the American alligator with potencies approximately 300-, 1000-, 1000-, and 5000fold lower than that of estradiol (Vonier et al.,
1996).
Recently, Kelce et al., (1995) found that p,p’-
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DDE bound to the androgen receptor and inhibited its activation. They also showed that
injection of p,p’-DDE into juvenile male rats
resulted in delayed onset of puberty while injection in older rats resulted in reduced androgen-dependent seminal vesicle and prostate
weight.
Thyroid hormones

When DDT was administered to pigeons at
a dose of 3 mg/kg b.w./day, symptoms of
hyperthyroidism were noted but higher
doses (6 to 54 mg/kg/day) caused hypothyroidism (Jefferies et al., 1971).

Retinoids

Studies in the rat demonstrate that exposure
to DDT decreases the accumulation of
newly absorbed vitamin A and decreases
hepatic levels of vitamin A (Phillips 1963,
Tinsley 1969, Azais et al., 1987). Decreased
hepatic vitamin A levels were observed in
the offspring of DDT-exposed female rats,
at doses which did not affect the dams
(Phillips et al., 1971). Penned cormorants
(Phalacrocorax a. auritus) exposed to DDT
in the diet for 9 weeks showed a dose-related decrease in the levels of hepatic vitamin A (Greighus et al., 1973). Human studies demonstrated increased serum vitamin
A levels following occupational exposure to
DDT (Keil et al., 1972, Nhachi et al., 1990).

LINDANE

G

amma-hexachlorocyclohexane (HCH) has the common name lindane and is the
most toxic of the different HCH isomers (IPCS 1991). Lindane is an inducer of
the hepatic MFO system and has been shown to interfere with steroid hormone metabolism. Lindane has been found to impair reproduction in experimental animals
and the compound interferes with the hormone systems discussed in this report.

Reproductive and developmental
effects
In female rabbits administered lindane (0.8
to 4 mg/kg b.w.), accumulation was high in
the ovaries, oviducts, uterus and follicular
fluid (Lindenau et al., 1994). A reduction in
ovulation rate was observed following lindane administration. Exposure of male rats
to 8 mg lindane/kg caused a decline in testicular weight and a cellular degeneration of
Leydig cells (Chowdhury and Gautam
1994). When given orally to mice during
early pregnancy (day 1–4), lindane caused
absence of implantation sites (Sircar and
Lahiri 1989). When given during day 6–12
of gestation it caused absorption of the fetuses, and when given late in pregnancy
(days 14–19) lindane caused death of the
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pups following parturition. At birth the pups
had reduced body weights. Administration
of estrogen, but not progesterone, during
early pregnancy counteracted the adverse
effects of lindane on implantation. In another study, lindane was shown to delay
vaginal opening and to disrupt the ovarian
cyclicity in rats (Cooper et al., 1989). At
doses of 20–40 mg/kg, lindane caused reduced pitutiary and uterine weights. Reduced levels of LH, estrogen, and prolactin
and increased levels of FSH were observed
following exposure to 40 mg lindane/kg
(Cooper et al., 1989).
In a study in the domestic duck, lindane (20
mg/kg) caused egg shell thinning (Chakravarty and Lahiri 1986). Lindane has also been
suggested to affect morphogenesis and func-

tionality of the thyroid gland during gland development in the clawed frog (MarchalSeagault 1982).

microsomes it was observed that lindane induced 6α-, 7α- and 6β-hydroxylases (Haake
et al., 1987).

Interactions with hormones and
hormone receptors

Thyroid hormones

Steroid hormones

Lindane does not by itself interact with the
estrogen receptor (Laws et al., 1994,
Flouriot et al., 1995). In rainbow trout
hepatocytes, lindane exposure (100 µM) resulted in induction of vitellogenin and ER
mRNA (Flouirot et al., 1995). However it
was suggested that it was metabolites of lindane that were active. β-HCH produces
estrogen-like effects such as stimulated proliferation in the human breast cancer cell
lines MCF-7 and T47D. However, the action
of β-HCH does not seem to be through the
classic pathway of binding and activating
the estrogen receptor (Steinmetz et al.,
1996).
Lindane has been shown to reduce the serum
testosterone levels in rats (Prasad et al., 1995)
and catfish (Clarias batrachus) (Singh and
Singh 1987). In rats it also reduced the epididymal sperm count and sperm mobility and
increased the frequency of abnormal sperm
(Prasad et al., 1995). In a study on rat liver

Disturbed function of the thyroid gland in
the clawed frog (Xenopus laevis) was observed following lindane exposure (Marchal-Segault 1982). Lindane altered thyroid
function in rats, resulting in increased T4
and reduced T3 levels (Seidler et al., 1976).
In a study on catfish (Heteropneustes fossilis), it was observed that exposure to 8 ppm
lindane resulted in reduced T4 levels while
exposure to higher levels (16 ppm) increased the T4 levels in plasma (Yadav and
Singh 1986). The T3 levels were reduced
under these experimental conditions. It was
suggested that lindane reduces the synthesis
and release of thyroid hormones from the
thyroid gland.
Retinoids

Comparable decreases in hepatic vitamin A
levels were observed in hens exposed to oil
solutions of DDT (2%), lindane (1%) and
methoxychlor (5%) via gavage (1 ml) every
other day for 15 weeks (Vavrova et al.
1976). No effect was observed after 5 weeks
of treatment.

PCDDS/FS

T

he most potent of the polychlorinated dibenzo-p-dioxins/furans (PCDDs/Fs) is
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD). TCDD has been used as a model
compound for other PCDDs/Fs and structurally related halogenated aromatic hydrocarbons that are agonists to the Ah receptor. Low doses of TCDD and related compounds cause developmental toxicity when administered at specific developmental
stages. TCDD interacts with the hormone systems discussed in this report by altering
hormone metabolism, interfering with hormone receptors, and modulating gene
transcription. It is generally believed that the reproductive and developmental toxicity and other Ah receptor mediated effects of PCDDs/Fs are caused by the parent
compounds and not by metabolites. Criteria documents include US/EPA (1985) and
IPCS (1989a). The developmental and reproductive toxicity of dioxins and related
compounds was reviewed by Peterson et al., (1993).
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Reproductive and developmental
disturbances
In a three-generation reproduction study,
Sprague Dawley rats were exposed to 0,
0.001, 0.01, or 0.1 µg TCDD/kg b.w./day
via the diet (Murray et al., 1979). The F0
generation received the diet for 90 days before mating. Reduced litter size and decreased neonatal survival were observed in
the F0 generation at the 0.1 µg TCDD/kg
dose. At a dose of 0.01 µg/kg/day, decreases in litter size at birth and in neonatal
survival and growth were noted in the F1 and
F2 but not in the F0 generations. Peterson et
al., (1993) compared the relationship between maternal toxicity and prenatal mortality in laboratory mammals exposed to
TCDD during gestation. A general finding
was that in nonprimate laboratory mammals, TCDD-induced prenatal mortality is
most commonly associated with maternal
toxicity that is not severe enough to result in
maternal lethality.
A dose of 1 µg TCDD/kg/day administered 5
days a week for 13 weeks caused a decrease in
spermatogenesis in the rat (Kociba et al.,
1976). Single doses of 3.0 or 5.0 µg TCDD/kg
to adult male rats caused a significant reduction in the number of spermatids/testis (Chahoud et al., 1992).
In the review by Peterson et al., (1993) it was
concluded that developmental toxicity endpoints tend to be observed at lower TCDD exposure than are reproductive effects. When
pregnant rats were treated with TCDD on day
15 of gestation, a decrease in androgenic status of the male offspring was found (Mably et
al., 1992a). Ventral prostate weight was decreased by a maternal dose of 0.064 µg
TCDD/kg and anogenital distance was decreased, testis descent was delayed, and seminal vesicle weight was decreased by a dose of
0.16 µg/kg. Plasma luteinizing hormone concentration was decreased by a lowest effective
maternal dose of 1.0 µg/kg. At a maternal
dose of 0.064 µg TCDD/kg, there were decreases in epididymis weight, cauda epidi-
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dymis weight, sperm per cauda epididymis,
daily sperm production rate and seminiferous
tubule diameter whereas testis weight was decreased at a dose of 0.4 µg/kg. However, none
of the doses (0.064–1.0 µg/kg) given to the
mothers had any significant effect on the fertility of the males or on survival and growth of
their offspring (Mably et al., 1992b). Less
male-typical and more female-typical behavior was observed in male rats following in
utero and lactational exposure to a maternal
dose of 0.064–0.16 µg TCCD/kg (Mably et
al., 1992c).
Cleft palate and hydronephrosis are structural malformations that have been observed
in mice at doses of dioxin that do not cause
either maternal or fetal toxicity. Hydronephrosis caused by dioxin is due to hyperplasia of
the uretric epithelium, leading to blockage of
the uretric lumen (Abbott et al., 1987). Treatment with T3 or T4 potentiates the induction
of cleft palate by dioxin in the mouse (Lamb et
al., 1986) and retinoic acid interacts synergistically with dioxin to induce cleft palate
(Birnbaum et al., 1989; Abbott and Birnbaum,
1989) but has no effect on dioxin-induced hydronephrosis.
Gray et al., (1993; 1995) treated pregnant
rats on day 15 of gestation with 1 mg TCDD/
kg and examined both the male and the female
offspring at birth, puberty, and adulthood. Results were generally similar to those previously reported by Mably et al., (1992). In the
male offspring, a reduced anogenital distance
was observed and puberty was delayed. Testicular sperm production was reduced and
epididymal sperm counts and the number of
sperm ejaculated were decreased. Ventral
prostate and seminal vesicle weights were reduced. Subtle changes in male sexual behavior were also observed (Gray et al., 1995).
In the female offspring, structural malformations in the urogenital tract were observed
(Gray et al., 1993). Minimal to severe clefting
of the phallus/clitoris was observed in the majority of the females, and severe clefting was
accompanied by hypospadias. Vaginal open-

ing was incomplete and many of the pups had
a persistent thread of tissue across the vaginal
orifice.
That TCDD is highly embryotoxic in the
chicken embryo was observed in egg-injection studies carried out by Higginbotham et
al., (1968). An LD50 value for TCDD in
chicken embryos was estimated to be 0.24 µg/
kg egg weight (Allred and Strange 1977).
Early life-stages of fish are sensitive to
TCDD-induced mortality. In several species,
TCDD has been found to cause an overt toxicity syndrome characterized by edema,
hemorrhages, and arrested growth and development culminating in death (Peterson et al.,
1993).

Interaction with hormones and
hormone receptors
Steroid hormones

Serum testosterone and dihydrotestosterone
were dose-dependently depressed in TCDDtreated rats, the ED50 being about 15 µg/kg
body weight (Moore et al., 1985).
Dioxin does not bind to the estrogen receptor
and does not cause classical estrogenic responses. TCDD inhibits several 17β-estradiolinduced responses in the rodent mammary
and uterus and in human breast cancer cell
lines (Safe and Krishnan, 1995). Although
having antiestrogenic effects, dioxin does not
block estrogen binding to the estrogen
receptor. It rather appears that TCDD reduces
the ability of the liganded estrogen receptor to
bind to estrogen response elements, thereby
reducing gene transcription (Kharat and
Saatcioglu, 1996).
It has been observed that there are
inhibitorydioxin-responsive elements in the
estrogen regulated cathepsin-D gene (Krishnan et al., 1995, Safe and Krishnan 1995).
Binding of TCDD-AhR to these sequences results in inhibition of estrogen dependent
signaling. This is supported by the observation that in AhR negative cells TCDD is not
antiestrogenic (Kharat and Saatcioglu 1996).

The crosstalk between the AhR and ER systems is further indicated by the reduction in
TCDD induced CYPIAI mRNA induction by
exposure to estrogen.
Exposure of MCF-7 cells to 10 nM TCDD
did not result in a significant reduction in ER
mRNA levels (Gierthy et al., 1996). The specific binding of estradiol-17β to ER could be
depressed by 49% under subsaturation conditions. This depression was reversed by the addition of α-naphthoflavone, an inhibitor of
TCDD-induced metabolism of estradiol-17β.
Thus, while TCDD does not affect the ER levels it may reduce the estrogenic response by
increasing the metabolism of estradiol-17b.
In a ER-negative human breast cancer cell
line, Hs578T, it has been observed that TCDD
does not induce CYP1A1 induction (Wang et
al., 1996). However, the inducibility of
CYP1A1 could be reconstituted by transient
transfection of this cell line with ER. It was
also observed that only the N-terminal portion
of the ER (amino acids 1–178) were needed to
restore the TCDD responsiveness of the
CYP1A1 gene promoter. In the human breast
cancer cell line MDA–MB 231, which is also
ER negative, it was found that TCDD did not
induce CYP1A1 while other TCDD responsive genes, such as CYP1B1, were not affected (Dohr et al., 1995). From these studies
it appears that ER is important for the specific
upregulation of CYP1A1.
Even though TCDD does not bind to ER it
has been observed that TCDD may in some
instances result in activation of ER responsive
genes. The partial agonistic effect of TCDD
on ER responsive genes may be due to altered
hormone metabolism.
Thyroid hormones

Several studies have shown that TCDD exposure of experimental animals affects
plasma thyroid hormone levels. In rats
TCDD decreases thyroxine (T4) levels already within the first 24 hours (Jones et al.,
1987) and the degree and duration of reduction is more or less dose-related (Potter et
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al., 1986, Gorski and Rozman 1987,
Pohjanvirta et al., 1989). The effects on total
T4 (TT4) and on the free fraction of T4
(FT4) in plasma are more or less similar
(Potter et al., 1983, Gorski et al., 1988).
However, the effects of TCDD on triiodothyronin (T3) levels are much more variable; in some studies, increases in plasma
levels were observed, but decreases in T3
and unchanged levels have also been reported. The difference in direction of T3
changes could not easily be explained by
TCDD level, time-point after administration or mode of administration, but will be
discussed below in connection to proposed
mechanisms.
It could be argued that some of the observed
hormonal effects in experimental animals are
secondary effects of the decrease in food intake, a well-known response to TCDD exposure. Indeed, studies on pair-fed groups of rats
showed that the reduced food-intake did lower
the T4 levels, but that this decrease was small
in comparison to what was seen after TCDD
exposure (Potter et al., 1986, Gorski et al.,
1988).
Most experimental studies on thyroid hormone effects have been performed in rats.
When other species were used, the decrease in
T4 levels after TCDD exposure was less clear;
instead, certain studies revealed an increase in
T4 levels in plasma (guinea pigs: McKinney
et al., 1985; hamsters: Henry and Gasiewicz
1987; mice: Birnbaum et al., 1989). Thus, species differences could complicate the interpretation of the data from experimental models.
The mechanism behind the TCDD-mediated
modulation of thyroid hormones has been a
matter of dispute, and several hypotheses have
been presented. However, it has been suggest
that the increased clearance of T4 by an enhanced biliary excretion of a conjugated T4 is
the main mechanism behind the effects
(Sewall et al., 1995). As stated by Sewall and
coworkers (1995), the observed increase in
UDP-GT1 mRNA, decrease in plasma levels
of T4, increase in TSH, and thyroid hyperpla-
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sia resulting from chronic (30 d) TCDD exposure are consistent with effects emanating
from a peripheral alteration of the pituitarythyroid axis. The increased expression of
UDP-GT1 mRNA was a sensitive effect in
that study, and UDP-GT is reported to be induced through an Ah receptor-mediated
mechanism (Bock 1991). This enzyme shows
a selective activity towards phenolic type
substrates (Hook et al., 1975, Lucier et al.,
1975), including T4.
This proposed T4 deactivation mechanism
could also explain why TCDD-mediated effects on T3 plasma levels are contradictory
and more difficult to interpret. In contrast to
T4, where the biliary excretion is a result of
glucuronidation, the excretion of T3 occurs
mainly by sulfation (LoPresto and Nicoloff
1994), which may not be induced by Ah
receptor agonists. Another factor that may
contribute to the maintenance of T3 levels is
that TCDD induces 5'-monodeiodinase,
which converts T4 to T3 (Potter et al., 1986).
Other mechanisms discussed to explain effects on thyroid hormone systems are related
to the binding of TCDD to receptors and transport proteins. First, hydroxylated metabolites
of PCDDs, but also of PCDFs and PCBs, bind
to TTR in vitro, which suggests that the in vivo
transport of T4 could be affected upon exposure to the parent compound (Lans et al.,
1993). However, in man TTR is quantitatively
not so important for plasma T4 transport, and
thyroxine binding globulin (TBG) is instead
the major T4 transporter. TBG does not bind
the hydroxylated metabolites of the organochlorine compounds discussed above (Lans
et al., 1994), which suggests that this mechanism is not important in man. Second, another
mechanism discussed for thyroid hormone effects includes the observed alterations in levels of the nuclear thyroid hormone (T3)
receptors, an effect depending on Ah-receptor
binding and therefore seen after TCDD exposure of C57BL/6 but not DBA/2 mice (Bombick et al., 1988). Third, based on similarities
in molecular structure between TCDD and

thyroid hormones (McKinney et al., 1985a),
TCDD may act as a potent agonist for thyroxine; the binding to the nuclear receptor would
consequently be affected. Finally, thyroid hormone effects could be a result of multiple hormonal interactions of the regulation and expression of genes (“cross-talk”). For example,
it has been shown that glucocorticoid levels
influence the binding capacity, as well as affinity, of the nuclear T3-binding site (Recupero et al., 1983).
Retinoids

Similarities in symptoms following dietary
vitamin A deficiency and exposure to dioxin-like compounds have been noted by
several authors (Kimbrough 1974, Innami
et al., 1975, Thunberg et al., 1979, Zile
1992, Lu et al., 1994). The most prominent
similarities include impaired growth, defective reproduction, developmental abnormalities, impaired immune function, and lesions of epithelial linings. Several studies
have reported that TCDD treatment results
in altered tissue retinoid levels and modulation of vitamin A metabolism (for review
see Zile 1992). Reduction of hepatic retinoid levels is one of the most sensitive responses to TCDD exposure (VanBirgelen et
al., 1994) and the response is also observed
following in utero exposure (Moorse and
Brouwer 1995). The decrease in hepatic
retinoid levels is seen in all experimentally
used rodent strains and species (Pohjanvirta
et al., 1990, Håkansson et al., 1991). The
potencies of individual PCDD and PCDF
congeners to reduce hepatic vitamin A levels in the rat correlate well with their toxic
potencies in subchronic (Håkansson et al.,
1990) but not in single exposure studies
(Ahlborg et al., 1987, 1989).
Reductions in retinoid levels, following
TCDD exposure, have been reported in several extrahepatic tissues in most examined
species (Brouwer et al., 1989, Håkansson et
al., 1991), whereas increases in renal and serum retinoid levels have been repeatedly dem-

onstrated only in the rat (Bank et al., 1989,
Zile et al., 1989). In the TCDD-exposed rat, a
dramatic and rapid increase in kidney retinoid
content (Håkansson and Ahlborg 1985) is correlated, both on a time- and a dose-scale, to a
sharp increase in renal LRAT-activity, and
moderate increases in serum levels of both
retinol and retinoic acid (Nilsson et al., 1996).
Normally, renal vitamin A content is very low
and increases only when liver vitamin A stores
are nearing exhaustion, and serum vitamin A
concentrations are normally tightly regulated
within a narrow homeostatic range, which is
thought to be determined by the release of retinol from the liver via regulation of vitamin A
needs in extrahepatic tissues (Goodman 1984,
Underwood 1984, Wolf 1984). Present data,
thus, suggest that TCDD affects the proposed
sensitive feed-back system between hepatic
and renal vitamin A poolswhich are also
linked to the pool of circulating vitamin A.
The possibility that TCDD could modulate
gene transcription via the retinoic acid response element (RARE) is supported by the
findings that TCDD and retinoic acid elicit a
number of common biochemical and toxic responses both in vivo and in vitro. The
intercactive effects of TCDD and retinoic acid
are highly dependent on the cell or organ system under investigation. Berkers et al., (1994)
reported a strong antagonistic effect of
retinoic acid and several other retinoids on
TCDD-induced terminal differentiation of
primary cultured human keratinocytes. On the
other hand, elicit a number of common biochemical and toxic responses both in vivo and
in vitro.
The interactive effects of TCDD and TCDD
and retinoic acid were reported to synergistically induce palatal clefts (Weston et al,
1995). Weston et al., (1995) demonstrated that
TCDD is capable of inhibiting retinoic acidinduced expression of the CRABP-II and
RAR genes in murine embryonic palate mesenchyme cells. Furthermore, retinoic acid and
TCDD both inhibit mammary carcinogenesis
in rodent models (NTP 1982, Moon et al.,
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1992), and retinoic acid and TCDD elicit a
number of common responses in MCF-7
cells, including inhibition of estrogen-induced
cell proliferation, inhibition of nuclear
estrogen receptor ligand binding and interactions with a consensus estrogen-responsive element (Lu et al., 1994). There are also data
which demonstrate that TCDD induces the
oxidation and conjugation of retinoids (Bank
et al., 1989, Roberts et al., 1992)and that

retinoic acid is able to induce the expression
and activity of several dioxin-inducible enzymes (Matsuura and Ross 1993, Vecchini et
al., 1995). Moreover, the presence of a retinoid responsive element was reported in the
promoter region of the human CYP1A1 gene
(Vecchini et al., 1994). The promoter region of
CYP1A1 is known to also contain several dioxin responsive enhancer sequences (Denison
et al., 1988, Whitlock 1993).

PCBS

F

rom the results of many studies, of which some are presented here, it is clear that
PCB causes impairment of reproduction and development in a number of animal
species. At lower doses, reproductive effects have primarily been reported in
nonhuman primates and mink. PCB may modulate endocrine function in various
ways including, e.g., induction of hormone-metabolizing enzymes, interference with
transport proteins, interaction with hormone receptors, and direct effects on endocrine organs. Certain effects, such as neurobehavioural changes, may appear in
adulthood following exposure at sensitive periods during fetal and neonatal development. Metabolites of PCB may also have endocrine effects and it seems that hydroxylation is a prerequisite for chlorobiphenyls to act as estrogen receptor agonists.
Hydroxylated congeners have been found to bind to the thyroid hormone-binding
protein transthyretin (TTR), thereby interfering with the transport of thyroxine and
retinol (vitamin A).
Due to the differences in their chlorination patterns, the various PCB congeners cause
different biological effects. The effects of technical mixtures of PCB depend on the relative concentrations of the various congeners that they contain. The congeners lacking
chlorine substituents in the ortho positions, but being chlorinated in the para positions
and at least in one of the meta positions of each ring, are ligands with a high affinity for
the Ah receptor. Thus these coplanar congeners exhibit biological effects similar to those
caused by TCDD and other 2,3,7,8-substituted PCDDs/Fs. Like TCDD, the coplanar
PCB congeners are antiestrogenic and disrupt retinoid storage processes. It seems that
both the dioxin-like PCB congeners and those lacking affinity for the Ah receptor affect
neurobehavioural development as well as thyroid function.
Examples of experimental studies on effects of PCB on reproduction, development
and endocrine function are given below. In addition, there are several recent criteria
documents and risk assessments concerning all aspects of PCB toxicity (US/
EPA1990, IPCS1993, Nord 1992).

112

Reproductive and developmental
disturbances
In mink, chronic exposure to 0.1 mg
Clophen A50/animal (~kg)/day reduced kit
survival and growth, an effect mainly attributed to the dioxin like congeners in the
mixture (Brunström et al., 1991). At a three
times higher dose, there was a reduced frequency of females whelping, and all kits
born died within 24 h. Barsotti and Van Miller (1984) reported decreased birth weights
in the offspring of rhesus monkeys (Macaca
mulatta) receiving approximately 0.04 mg
Aroclor 1016/kg b.w./day in a chronic study.
However, the use of this study for regulatory
purposes has been questioned (Kimbrough
1995). The developmental/reproductive toxicity of commercial PCB mixtures was reviewed by Golub et al., (1991). A LOAEL
(lowest-observable-adverse-effect-level)
for transient postnatal effects on growth and
neurobehavioural development was identified at 0.25 mg Aroclor 1254/kg/day for rodents based on a study by Overmann et al.,
(1987). In rhesus monkeys (Macaca mulatta), subtle neurobehavioural effects were
indicated in animals exposed perinatally
and tested more than 3 years later (Levin et
al., 1988). Maternal exposure was 0.03 mg
Aroclor 1016/kg/day (1.0 ppm in diet) in
that study, and this value was suggested by
Golub et al., (1991) as a LOAEL for postnatal developmental end points.
Exposure of adult female mice to 0.025 mg
Clophen A60/day for 75 days resulted in an
increased length of the estrous cycle (Örberg
and Kihlström 1973). In offspring of guineapigs exposed to a daily dose of 2.2 mg
Clophen A50 during days 18 to 60 of gestation, vaginal opening was delayed in females
and testis weight was decreased in males
(Lundqvist 1990).
Following oral exposure of female rats to
16–64 mg Aroclor 1254 on days 1, 3, 5, 7, and
9 after birth, the sperm of their male offspring
showed a reduced capacity to fertilize eggs
(Sager and Girard 1994). No changes in pro-

duction, morphology or motility of epididymal sperm were found in association with the
reduced ability to fertilize eggs. Daily
neonatal exposure (from day 1 to day 25) of
rats to either Aroclor 1242 or 1254 resulted in
increased adult testis weight and sperm production (Cooke et al., 1996). Aroclor 1254
was more potent, producing increases in testis
weight of 13 and 23 % and in daily sperm production of 27 and 42 % at doses of 0.4 and 1.6
mg/day. It was suggested by the authors that
PCBs produce these effects primarily by inducing hypothyroidism, which leads to increased Sertoli cell proliferation, testis weight,
and daily sperm production. In a subchronic
study, weanling (31-day-old) male rats were
exposed to Aroclor 1254 (0.1–25 mg/kg and
day for 5, 10 and 15 weeks) to examine effects
on testicular gamete production and endocrine
function (Gray, et al., 1993). Serum levels of
thyroxine were depressed 30% in the lowest
dose group (0.1 mg/kg) after 15 weeks and
25% in the 1 mg/kg dose group after 5 weeks.
In the high dose group, body, seminal vesicle,
cauda epididymal, and pituitary weights were
depressed but no effects were observed on testes weights, testicular sperm numbers, sperm
motility, and serum and testicular testosterone
levels. Taken together these studies show that
the developmental stage when the animals are
exposed is important for the effects on male
genitalia and they indicate that changes in thyroid hormone levels may be involved in the
effects.
Increased uterine weight was observed following exposure of immature rats to Aroclor
1242, CB-52 (2,2’,5,5’-tetraCB), and 4-OH2',4',6'-PCB (80-640 mg for two consecutive
days), indicating that these compounds are
estrogenic (Jansen et al., 1993). CB-77 (160
µg, days 20 and 21) had no effect on uterine
weight and attenuated the increase in uterine
weight caused by either Aroclor 1242 or E2
treatment, suggesting that CB-77 is antiestrogenic.
The majority of publications on the developmental neurotoxicity of PCBs in rats and mon-
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keys involve studies using commercial mixtures. In utero and lactational exposure of rats
to Aroclor 1016 caused significant changes in
biogenic amine (dopamine) levels in several
brain regions (Seegal 1994). Perinatal exposure of rats to Aroclor 1254 resulted in significant alterations in synaptophysin and glial fibrillary acidic protein (GFAP) levels, i.e., neuronal and glial cell marker proteins, in several
brain regions (Morse et al., 1996; Morse and
Brouwer 1995). Prenatal, but not postnatal,
PCB (Clophen A30) exposure (30 mg/kg in
the diet) caused behavioral changes in rats
(Lilienthal and Winneke 1991). In mice,
neonatal exposure to both dioxin-like and non
dioxin-like PCB congeners can induce permanent aberrations in expression of cholinergic
receptors and spontaneous behavior of the
adults (Eriksson et al., 1991, Eriksson and
Fredriksson 1996). Thus, PCBs affect development of the nervous system via different
mechanisms and effects induced perinatally
may persist in adulthood.
In the chicken, egg hatchability is severely
depressed at PCB levels which do not decrease egg production. Scott et al., (1975)
found that hatching of chicken eggs was completely prevented at residue levels of about 5
ppm. Dioxin-like PCB congeners are highly
embryotoxic in the chicken whereas embryos
from a number of other avian species are less
sensitive to these compounds (Brunström
1988).
Effects of PCBs on fish reproduction has
been reviewed by Kime (1995). Administration of PCBs have in several studies impaired
reproductive parameters. Administration of
PCB to Atlantic croaker, Micropogonias
undulatus (from 0.05 mg/kg body weight) or
to the rainbow trout via the food (3–300 mg/
kg diet for 180 days) impair vitellogenesis.
Feeding of minnows, Phoxinus phoxinus (20–
200 mg/kg diet) results in low hatchability in
the eggs. Both ovarian and testes weights have
been suppressed by PCB treatment in the Atlantic croaker. PCB administration ( has also
been found to suppress circulating levels of
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both estrogens and androgens in carp,
Cyprinus carpio (25 mg/kg bw intraperitoneally), rainbow trout (25 mg/kg bw
intraperitoneally) and Atlantic croaker (3–5
mg/kg bw). Damages on spermatogenesis, enzymes involved in steroidogenesis, pituitary
gonadotropic secretion and oocyte development have also been observed in fish after
PCB treatment.

Interactions with hormones and
hormone receptors
Steroid hormones

The PCB mixtures Aroclor 1221 and 1254
inhibited binding of 3H-estradiol to rat
uterus cytosol in vitro, but they were 3–5 orders of magnitude less potent than DES
(Nelson, 1974).
In pregnant mink, both CB-153 (2,2',4,4',
5,5'-hexaCB, 20 mg/kg) and CB-169 (3,3',
4,4',5,5'-hexaCB, 0.4 and 0.8 mg/kg) significantly increased uterine progesterone receptor
dissociation constants (Patnode and Curtis
1994). CB-153 and the higher dose of CB-169
also caused increased uterine estrogen and
progesterone receptor concentrations during
gestation.
Korach et al., (1988) tested a series of
polychlorinated hydroxybiphenyls for their
binding to the estrogen receptor in vitro.
Compounds with the stronger affinities contained single or multiple ortho-chlorine substitutions. Ortho-substitution creates a bulky
group which was suggested to enhance the affinity for the ER. 4-OH-2',4',6'-PCB showed
the strongest binding affinity of the tested
compounds, having 42 times lower receptor
affinity than estradiol. Both non- and monoortho-chlorinated PCB congeners were antiestrogenic in MCF-7 cells, inhibiting estrogen-induced secretion of procathepsin-D
(Krishnan and Safe, 1993). CB-126 was the
most potent congener causing antiestrogenic
effects at concentrations (1 nM) 100 times
lower than the mono-ortho PCBs (100 nM).
Several Aroclor mixtures were not antiestro-

genic at the highest concentrations tested (1
mM).
The effects of a mixture of CB-61 (2,3,4,5tetraCB), CB-101 (2,2',4,5,5'-pentaCB), CB136 (2,2',3,3',6,6'-hexaCB), and CB-194
(2,2',3,3',4,4',5,5'-octaCB) on hCG-stimulated
androgen production were studied in suspensions of Leydig cells from adult rat testis
(Kovacevic et al., 1995). The PCB mixture
significantly inhibited androgen (testosterone
+ dihydro-testosterone) production and it was
suggested that the activity of the microsomal
enzyme P450SCC (side-chain cleavage) was
decreased by the PCB treatment.
Cultured anterior pituitary cells from female
rats exposed to Aroclor 1242 in vitro exhibited
enhanced LH and FSH release in response to
gonadotropin-releasing hormone (Jansen et
al., 1993). However, E2 was 4 to 5 orders of
magnitude more potent than Aroclor 1242.
In a study on zebrafish injected with 1
mmol/kg of CB-60 (2,3,4,4’-tetraCB), CB104 (2,2’,4,6,6’-pentaCB), CB-173 (2,2’,
3,3’,,4,5,6-heptaCB), or CB-190 (2,3,3’,4,4’,
5,6-heptaCB), it was found that only CB-104
induced elevated estrogen receptor levels in
the liver (Billsson and Olsson, unpublished).
Thyroid hormones

Certain OH-PCBs have been shown to compete with thyroxine for the binding site on
TTR (Lans et al., 1993). The binding of 4OH-3,3',4',5-tetraCB, which is a metabolite
of CB-77 (Klasson Wehler et al., 1989), to
transthyretin prevented the formation of the
RBP-TTR complex that transports vitamin
A from the liver to the peripheral tissues
(Brouwer and van den Berg 1986). This
OH-PCB is also known to be transported
across the placenta in rats and mice and to
accumulate in the fetuses (Darnerud et al.,
1996; Morse et al., 1996). When rats were
exposed to 5 or 25 mg Aroclor/kg/day on
days 10–16 of gestation, fetal and neonatal
plasma T4 levels were reduced (Morse et
al., 1996). The concentration of T4 was
markedly decreased in the fetal brain on day

20 of gestation whereas decreases in T3 levels were less dramatic. The effects were suggested to be caused by OH-PCBs accumulated in the fetuses (Morse et al., 1996).
When Aroclor 1254 (62.5–250 ppm in the
diet) was given to rats during gestation and
lactation, depressed T4, but not T3, levels
were observed in the pups (Juárez de Ku et
al., 1994). Goldey et al., (1995) reported a
dose-dependent reduction in plasma thyroxine levels in offspring of rats exposed to
Aroclor 1254 (1–8 mg/kg bw) on gestation
day 6 through postnatal day 21. By weaning, pup mortality was 20% in the 4 mg/kg
group and 50% at the highest dose. Deficits
in body weight gain, early eye opening, and
hearing deficits were apparent in the surviving pups. Hypothyroidism occurring during
auditory system development causes abnormalities of the cochlea, and the authors suggested that the auditory deficits reflected
effects of the observed PCB-induced hypothyroidism on the development of the cochlea. Perinatal exposure to CB-77 or
2,3,7,8-TCDD (8 mg and 0.1 µg/kg/day on
gestation days 10–16) significantly reduced
(15–20%) plasma thyroxine levels in
weanling rats (Seo et al., 1995). An induction of UDPGT was suggested to explain
the reduction. In a similar study, rats were
exposed to CB-28 (2,4,4'-triCB), 8 or 32
mg/kg/day; CB-118 (2,3',4,4',5-pentaCB), 4
or 16 mg/kg/day; or CB-153 (2,2',4,4',5,5'hexaCB), 16 or 64 mg/kg/day (Ness et al.,
1993). At weaning, serum T4, but not T3,
was markedly depressed in the pups, but not
in the dams, exposed to CB-118 and CB153. Histological evaluation of thyroids
from the CB-118-exposed pups showed
changes suggestive of sustained TSH stimulation.
The mechanisms for the decreases in plasma
thyroid hormone levels caused by PCBs are
not clear but have been suggested to be due to
interference with their plasma transport or induction of hepatic glucuronidation of thyroxine. Changes in thyroid hormone homeostasis
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during fetal and postnatal life may cause severe developmental disturbances.
Retinoids

Many of the symptoms of PCB intoxication
resemble those of vitamin A deficiency (for
review see Zile 1992). As compared to
PCDDs and PCDFs (see 6.8.4), PCBs comprise a more heterogenous group of chemical compounds. The more planar PCB congeners, which lack or have few substituents
in the ortho-positions, modify retinoid levels and metabolism in a similar way to
dioxins, although PCB congeners are less
potent than the corresponding dioxin. The
following relative potency values (compared to TCDD) for hepatic vitamin A reduction have been determined in rats, which
were exposed for 13 weeks through their
diet: 0.05 for CB-126 (3,3’,4,4’,5pentaCB), 0.0005 for CB-156 (2,3,3’,4,4’,
5-hexaCB), 0.0002 for CB-105 (2,3,3’,4,4’pentaCB), 0.0001 for CB-77 and 0.00001
for CB-153 (Chu et al., 1994, 1995, 1996a,
1996c), whereas CB-128 (2,2’,3,3’,4,4’hexaCB) had a potency of 0.00001, but only
in female rats (Chu et al. 1996b). CB-118
(Chu et al., 1995) and CB-28 (2,4,4’-triCB)
(Chu et al., 1996c) were unable to reduce
hepatic vitamin A levels. After single exposure, CB-122 (2’,3,3’,4,5-pentaCB) caused
decreased hepatic vitamin A levels in rodents comparable to the reductions caused
by CB-77 (Chen et al., 1992).
Effects of PCBs on hepatic retinoid levels
are seen in all experimentally used rodent
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strains (Innami et al., 1975, Håkansson et al.,
1991, Chu et al., 1994, 1995, 1996a,b,c), primates (Allen 1975, Allen et al., 1978), mink
(Brunström et al.,
1991) and quail (Bitman et al., 1972, Cecil et
al., 1973). Morse and Brouwer (1995) reported on permanent changes in hepatic retinoid status in prenatally exposed rat offspring at
a dosage level of Aroclor 1254 that did not induce overt toxicity.
In contrast to TCDD, which increases
plasma retinoid levels (Bank et al., 1989, Van
Birgelen et al., 1994, Nilsson et al., 1996),
there are some PCB congeners which decrease plasma vitamin A levels (Brouwer et
al., 1985, Azais et al., 1987, Chen et al., 1992).
The plasma retinol reductions by CB-77 appear to be caused by binding of a hydroxymetabolite to the thyroxine-binding site on
transthyretin. Binding of the OH-metabolite
inhibits the binding of the retinol-RBP complex to transthyretin, which results in an increased glomerular clearance of retinol
bound-RBP (Brouwer and Van den Berg
1986, Brouwer et al., 1989).
Reductions in retinoid levels have also been
reported in extrahepatic tissues, such as skin
of marmoset monkeys (Callithrix jacchus)
(Brouwer 1987), and lungs of rats (Håkansson
et al., 1991,Chu et al., 1994, 1995, 1996a,b,c)
and mink (Brunström et al., 1991).
There was no effect on tissue retinoid levels
in mink chronically exposed to a mixture of 3methylsulfonyl-DDE and 15 methylsulfonylPCBs (Lund et al., 1997).

PBDES

P

olybrominated diphenyl ethers (PBDEs) have been used in increasing amounts
as flame retardants, but still the biological effects of this group of chemicals are
not well known (KemI 1994). However, a recent comprehensive criteria document
on PBDEs has been published by IPCS (1994b). Based on present studies two target
tissues may be identified, the liver and the thyroid gland. Also, in some reproductive
studies signs of fetal toxicity were evident.

Reproductive effects
One of the studies on reproduction toxicity
of PBDEs is a reproductive performance
study (decaBDE), whereas the other are
teratogenicity studies (decaBDE, octaBDE,
Saytex 111. i.e. commercial mixtures containing mainly hexa- (9%), hepta- (45%)
and octa- (34%) BDE), and pentaBDE). All
studies are performed on rats except the
Saytex study (both rats and rabbits).
In the reproductive performance study on
decaBDE, no compound-related effects were
seen (IPCS 1994b). The teratogenicity study
(0–1000 mg/kg, day 6–15) revealed no external abnormalities. However, decaBDE resulted in increased numbers of litters with
subcutaneous edema and delayed ossification
of bones of the skull (1000 mg/kg). The
octaBDE increased the number of late
resorptions, significantly reduced mean fetal
weights, and resulted in edema and reduced
ossification of various bones at the dose 50
mg/kg; day 6–15 (IPCS 1994b). At this dose,
some signs on maternal toxicity were also evident (reduced body weight gain and increased
cholesterol levels). The Saytex 111 exposure
in rats resulted in some effects in the fetus (delayed ossification, enlarged heart, “rear limb
malformation”) at a dose (25 mg/kg) that was
non-toxic to the dam. The Saytex 111-exposure in rabbits (0–15 mg/kg, day 7–19) also
gave certain fetal effects (delayed ossification,
weight decrease, retrocaval ureter, fussed
sternebrae) at doses (2 and 5 mg/kg) which
did not affect the dam. Finally, pentaBDE exposure decreased both maternal and fetal

weights at relatively high doses (100–200 mg/
kg)

Interactions with hormones and
hormone receptors
Steroid hormones

No data have been found on interaction of
PBDEs with steroid hormones.
Thyroid hormones

It is a common finding in subacute, subcronic and cronic toxicity studies on PBDEs
that the thyroid gland is enlarged and exhibits follicular cell hyperplasia (see IPCS
1994a). In one study the thyroid hyperplasia
was also correlated to adenoma and carcinoma formation (IPCS 1994a). Related to
this, recent studies show that PBDEs lower
the serum total and free T4 in mice and rats.
Significantly decreased serum T4 concentrations were found in C57BL/6 mice
treated orally with a commercial pentaBDE
mixture (DE-71) both after acute exposure
to 0.8–500 mg/kg and after daily exposure
for 14 days to total doses of 250–1000 mg/
kg (Fowles et al., 1994). Similarly, SpragueDawley rats and C57BL/6 mice given daily
oral doses of Bromkal 70 (containing about
40% of tetraBDE) for 14 days at total dose
levels of 0, 250 or 500 mg/kg (0, 18 or 36
mg/kg/day) showed significantly and dosedependently decreased levels of plasma total T4 (Darnerud and Sinjari 1996). Rats
proved to be more sensitive in this respect
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than mice. The plasma thyroid stimulating
hormone (TSH) concentrations, measured
only in rats, were largely unaffected. The
pure congener 2,2’,4,4’-tetraBDE was
equally or more potent in decreasing serum
total T4 than the commercial pentaBDE in
mice, and it could therefore be concluded
that this effect is related rather to PBDEs
than to their impurities. In addition, a technical grade PCB mixture Aroclor 1254
(containing about 5% pentaCB) and the
pure congener 2,3,3’,4,4’-pentaCB (a
mono-ortho PCB with certain Ah binding
affinity) were somewhat more potent than
the PBDEs in causing these effects in mice.
These studies demonstrated that the thyroid
homeostasis is a sensitive target of PBDEs.
Consequently, altered thyroid function
could be an important mechanism in PBDE
toxicity.
In man, indication of thyroid hormone disturbances has also been reported. Workers exposed to polybrominated biphenyls (PBBs)

118

and PBDEs including decaBDE during manufacture were reported to have a higher than
normal prevalence of primary hypothyroidism
and a significant reduction of conducting velocities in sensory and motor neurons, but no
other neurological or dermatological changes
(Bahn et al., 1980; cf. IPCS 1994b). It was not
possible to conclude whether these changes
were attributed to PBB or PBDE exposure,
but at least no decaBDE could be detected in
serum of the exposed workers.
Retinoids

Reduced hepatic and pulmonary retinoid
levels were found in male rats exposed daily
to Bromkal-70 (2.5, 25 or 250 mg/kg body
weight, p.o.) for 28 days, whereas renal levels were increased (Håkansson, unpublished results). The observations were doserelated. The responses in renal and pulmonary retinoid levels were less pronounced in
female rats.

CPS

T

he toxicity of chlorinated paraffins (CPs) of various chain lengths in mammals
has been well studied and is low following both acute and repeated exposures.
In repeated high dose studies, the thyroid is among the primary target organs for the
toxicity of the CPs. CPs of short chain length are acutely toxic to freshwater and salt
water invertebrates and show long-term toxicity to algae, aquatic invertebrates and
fish. Based on limited available data, the acute toxicity of CPs in birds seems to be
low.
The existing, rather limited, amount of data from experimental studies on effects
of CPs on reproduction, development and endocrine systems are given in more detail below. The following criteria documents and risk assessments concern all aspects of CP toxicity (IPCS 1989, 1996).

Reproductive and developmental
effects
In the only identified reproduction study, no
adverse reproductive effects were reported
following exposure of rats to an intermediate chain length CP with 52 % chlorine
(Serrone et al.. 1987). However, survival
and body weight of the exposed pups were
reduced. In a limited number of studies of
the developmental effects of the short, medium and long chain CPs, adverse effects in
the offspring were observed for the short
chain compounds only, at maternally toxic
doses in rats (IRCD 1982). For the medium
and long chain compounds, no effects on
the offspring were observed even at very
high doses (IRDC1983a,b,c, 1984a,b).
Reduced ovary weights were observed in
rats exposed to 3 g/kg bw/day of a short chain
length CP (58% chlorine) (IRDC 1981a,b).

Thyroid hormones

Two short chain CPs (56 and 58% chlorine)
at 10 g/kg bw/day reduced both free and total plasma thyroxine (T4) levels in male
rats, while there was no effect on T3 plasma
levels (Wyatt et al., 1993). Increased thyroid
weight and mild histopathological changes
in thyroid glands were noted in rats exposed
to medium-chain CPs (52% chlorine) in the
diet for 13 weeks at doses as low as 4.2 mg/
kg bw/day in female rats (Poon et al., 1995).
Retinoids

Reduced hepatic retinoid levels were found
in rats exposed to medium-chain CPs (52%
chlorine) in the diet for 13 weeks (Poon et
al., 1995). The effect was dose-related and
the relative potency to reduce hepatic vitamin A was 0.0000005, as compared to
TCDD.

Interactions with hormones and
hormone receptors
Steroid hormones

No data have been found on interaction of
CPs with steroid hormone pathways.
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HALOGENATED PHENOLS AND BENZENES

E

xposure to hexachlorobenzene (HCB) has been shown to result in a broad spec
trum of effects, including enlarged liver, porphyria (disturbed haem synthesis)
and immunosuppression. For most effects of HCB it appears that metabolism is a
prerequisite.
HCB and pentachlorophenol (PCP) have adverse effects on reproduction and they
affect steroid hormone levels. PCP binds with high affinity to thyroid hormone
transporting serum proteins.

Reproductive and developmental
effects
In rats, HCB reduced the litter size, increased the number of stillborn, and reduced the number of pups that survived to
weaning (Grant et al., 1977). PCP, which is
a major metabolite of HCB, has also been
shown to reduce the litter size and increase
the number of stillborn in rats (Exon and
Koller 1982).
Interactions with hormones and
hormone receptors
Steroid hormones

HCB has been observed to induce testosterone 16α- and 16β-hydroxylases in rats
(Haake et al., 1987). Reduced estrogen levels have been observed in rhesus monkeys
treated with HCB (Muller et al., 1978).
HCB treatment of cynomolgus monkeys
(Macaca fascicularis) resulted in suppression of serum progesterone during the luteal
phase but not during the follicular or
periovulatory phases (Foster et al., 1992).
There was also a dose-dependent increase
in menstrual cycle length and a reduction in
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estrogen levels in response to HCB (Foster
et al., 1995)
Thyroid hormones

Treatment of rats with either HCB or
pentachlorobenzene (0.03% in the feed for
13 weeks) resulted in disturbances of the
thyroid system (den Besten et al., 1993).
Reduced plasma T3 and T4 levels were observed in calves exposed to PCP (Hughes et
al., 1985). In rats, both HCB and PCP exposure resulted in reduced uptake of T4 into
cerebrospinal fluid and brain tissue (van
Raaij et al., 1991). PCP has been shown to
bind to human TTR with about twice the affinity of T4 (van den Berg 1990). In rats,
PCP was a much more potent competitor for
the T4-binding sites of serum carriers than
HCB (van Raaij et al., 1991).
Retinoids

In rats treated with HCB or pentachlorobenzene (0.03% in the feed for 13 weeks)
decreased hepatic levels of retinoids were
observed (den Besten et al., 1993).

PCNS

P

olychlorinated naphthalenes (PCNs) are of moderate acute toxicity to fish and of
moderate to high toxicity in other aquatic organisms. From the available very
limited amount of data on toxicity in terrestrial animals it seems as if PCNs have a
chronic toxicity potential in mammals.
Data from experimental studies on effects of PCN on reproduction, development
and endocrine systems are given below. The following documents cover various aspects of PCN toxicity and risk assessment (US/EPA 1975, 1980, Crookes and Howe
1993).

Reproductive and developmental
effects
Halowax 1014 given to male and female
chickens had no effect on the rate of egg
production, but there was a marked and
dose-related decrease in hatchability of the
eggs (Pudelkiewicz et al., 1959). When
Halowax 1014 was injected into chicken
eggs at a dose of 3.0 mg/kg egg, 33% of the
embryos died. The same dose of a mixture
of 1,2,3,5,6,7-hexachloronaphthalene and
1,2,3,4,6,7-hexachloronaphthalene caused
a mortality rate of 50% (Engwall et al.,
1994).

Retinoids

Much of the concern over PCN toxicity has
focused on bovine hyperkeratosis or the Xdisease. A cause of this disease appears to
be the interference of the higher chlorinated
PCN congeners with biotransformation of
carotene to vitamin A i.e. retinoids (reviewed by Olson 1969). Studies both in cattle (Olafson 1947) and pigs (Link et al.,
1958) have demonstrated decreased serum
vitamin A levels as the disease progresses.

Interactions with hormones and
hormone receptors
Steroid and thyroid hormones

No data have been found on interaction of
PCNs with steroid or thyroid hormone systems.
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ALKYL PHENOLS

A

lkyl phenols (APs) are toxic to aquatic organisms and poorly degraded in water.
Nonylphenol (NP) is the most studied of the APs and is together with
octylphenol (OP) determined to be among the most potent estrogenic compounds
within this group of chemicals. OP and NP produced the same effect as estrogen in
vitro systems, but at several orders of magnitude higher concentrations. Likewise,
NP and OP have proven to be estrogenic in vivo, inducing vitellogenin synthesis in
fish. Furthermore, OP increased the uterine weight and reduced the testis size and
sperm production in rats exposed during gestation and lactation.
Far-reaching plans have been instituted to limit and ultimately phase out the use of
NP in Sweden.
Data from experimental studies on effects of APs on reproduction, development
and endocrine systems are given below. In addition, the following documents and
risk assessments concern many aspects of AP toxicity: Nilsson 1996, TemaNord
1996, KemI 1997.

Reproductive and developmental
disturbances
Subcutaneous doses of 50 mg NP (approximately 370 mg/kg bw) administered to rats
on day 19 and 20 after ovariectomy induced
a significantly higher endometrial mitotic
index compared to controls (Soto et al.,
1991). The response was one third of that
induced by 1.25 µg estradiol-17β (approx.
10 µg/kg bw). Decreased sperm count at
adulthood (90–95 days of age) and reduced
relative testis weight were seen in offspring
to rats exposed to OP-5-ethoxylate through
drinking water during pregnancy (Sharpe et
al., 1995). The decreases in testis weight
and sperm count were observed at 100 and
1000 ppm, respectively.
Exposure of male rainbow trout to NP resulted in reduced gonadal size and sperm production (Jobling et al., 1996).
Interactions with hormones and
hormone receptors
Steroid hormones

The alkylphenolic compounds were shown
already in 1938 (Dodds and Lawson, 1938)
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shown to possess estrogenic activity. Although less potent than 17β-estradiol, both
OP and NP are capable of displacing 17βestradiol from ER in rainbow trout and activate transcription in estrogen receptor
transfected MCF-7 cells (White et al.,
1994). NP also induced vitellogenesis in
male fish (MacLatchy et al., 1995).
NP and OP caused proliferation of estrogensensitive MCF-7 human breast cancer cells
(Soto et al., 1995). Their potencies were
0.003% and 0.03% of that of estradiol, respectively. Other short chained alkyl phenols investigated in this test were less active.
NP, NP-carboxylic acid, and NP-diethoxylate were all capable of stimulating vitellogenin expression in trout hepatocytes, growth
in two estrogen-responsive human breast cancer cell lines (MCF-7 and ZR-75), and transcription of the estrogen receptor in transfected cells (White et al., 1994). The action of
these compounds appeared to be mediated by
the estrogen receptor, since their effects depended on its presence and were blocked by
estrogen antagonists.
APs have estrogenic effects and have also
been shown to bind directly to the estrogen

receptor (White et al., 1994). NP is the most
used/studied of the APs and is together with
OP determined to be among the most potent
estrogenic compounds within this group of
chemicals (White et al., 1994). Soto et al.,
(1991) showed that the para-substituted tertbutylphenol had estrogenic properties in
MCF-7 cells, whereas the ortho- and metasubstituted tert-butylphenols were inactive.
The effects of NP in rainbow trout hepatocyte cultures have been shown to be transient
(Flouriot et al., 1995). Thus, maximum levels
of ER mRNA were observed 5 hours after
treatment of hepatocytes with 10 µM NP and
the levels decreased thereafter. A slight induction of vitellogenin mRNA was noted when
the ER mRNA level was maximal. This transient induction of both ER and vitellogenin

was suggested to be due to rapid metabolism
of NP by the hepatocytes.
Besides vitellogenin, the egg shell proteins
have been suggested to be good indicators of
NP exposure (Arukwe et al., 1997). Following
injection of 4-NP in Atlantic salmon, vitellogenin was induced at 125 mg/kg while the
egg shell proteins were induced already at 1
mg 4-NP/kg. This indicates that induction of
egg shell proteins may be a more sensitive response to estrogenic compounds than vitellogenin induction.
Thyroid hormones and retinoids

No data have been found on interaction of
APs with either the thyroid hormone or
retinoid pathways.

PHTALATES

P

htalates comprise a large group of structurally related compounds used primarily
as plasticizers. Di(2-ethylhexyl) phthalate (DEHP) accounts for over half of the
total use ofphtalates, and it is also the most well-studied of these compounds. Most
studies indicate that although these substances are able to induce adverse effects on
reproduction parameters, their potency is low. An exception to that might be exposure in utero and/or via maternal milk. Furthermore, there are studies demonstrating
that phtalates interfere with steroid and thyroid hormone systems.
Data from experimental studies on effects ofphtalates on reproduction, development and endocrine systems are given below. Recent criteria documents and risk
assessments concerning all aspects of phthalate toxicity include (IPCS 1992,
ATSDR 1993a,b, 1994, KemI 1994, TemaNord 1996). In addition, a new document
on DEHP is being prepared by the Swedish National Chemicals Inspectorate.

Reproductive and developmental
disturbances
A large number of studies with DEHP (at
doses higher than 100 mg/kg bw/day) have
shown decreased weights of testis, seminal
vesicles, epididymis, and prostate gland as
well as testicular atrophy in experimental

animals (reviewed in ATSDR 1993a, and
IPCS 1992). Decreased male fertility, damaged spermatogenic cells and abnormal
sperm have also been observed in DEHPtreated rats and mice. In most of these studies, adult males were exposed. In female
laboratory animals, exposure to DEHP (at
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doses higher than 100 mg/kg bw/day)
caused decreased ovarian and uterine
weights as well as infertility.
Pregnant rats and their offspring were given
butyl benzyl phthalate (BBP; 1 mg/L) in the
drinking water from two weeks before mating
until the pups were 22 days old (Sharpe et al.,
1995). When the male rat pups reached maturity, it was found that BBP-treated rats had
significantly lowered testicular weight (9% reduction) and sperm production (17% reduction) than control rats. In another study, male
and female rats were exposed to BBP before
mating and throughout pregnancy (Piersma et
al., 1995). At 1000, but not at 500, mg/kg bw/
day, adverse effects were found on spermatogenesis and on pregnancy and litter parameters. Adverse testis effects were seen in
male rats exposed to approximately 1 g BBP/
kg bw/day (TemaNord 1996)
When male and female mice were exposed
to several grams of diethyl phthalate/kg bw/
day (ATSDR 1993b), sperm concentration
and the number of live pups per litter were significantly decreased. No adverse effects on
fertility were observed.
In mice, high doses of di-n-octyl, di-n-propyl or di-n-pentyl pthalate (several grams/kg
bw/day over two generations) caused reductions in percent fertile pairs or on number of
litters/pair, inhibited fertility, and/or reduced
seminal vesicle weights (Heindel et al., 1989;
Morrissey et al., 1989; NTP 1985; ATSDR
1994). No other effects on testis or sperm parameters were seen. Females or pups were not
affected.
In short-term rat studies, large doses (several
grams/kg bw and day) of di-n-butyl, di-npentyl, di-n-hexyl phtalate seemed to induce
adverse testicular effects, while methyl, ethyl,
n-propyl, di-n-octyl and n-heptyl phtalate had
no such effects (Foster et al., 1980, Gray and
Butterworth 1980, Mann et al., 1985, Oishi
and Hiraga 1980; ATSDR 1994. Fukuoka et
al., 1993; TemaNord 1996).
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Birds fed diets with 10 ppm of dibutyl
phtalate produced eggs with reduced shell
thickness and size (Peakall 1974; TemaNord
1996). DEHP had no such effects.

Interactions with hormones and
hormone receptors
Steroid hormones

DEHP has negative effects on Sertoli cells
both in vivo and in vitro (IPCS 1992). The
results of in vitro studies suggest that
DEHP, dibutyl and dipentyl phthalate, but
not dimethyl phthalate, can render Sertoli
cells less sensitive to endogenous hormones; this effect may be involved in the
mechanism underlying the effects on testicles (Grasso et al., 1993).
Butyl benzyl phthalate caused proliferation
of estrogen-sensitive MCF-7 human breast
cancer cells (Soto et al. 1995). Its potency was
0.0003% of that of estradiol.
Butyl benzyl phthalate and dibutyl phthalate
have been shown to have estrogenic effects in
human breast tumor cells; stimulating growth
and transcriptional activity of the estrogen
receptor (reviewed in Danish Environmental
Protection Agency 1995). The potencies compared to estradiol are 10–5 and 10–6, respectively.
Thyroid hormones

In rats, chronic exposure to DEHP (1000
mg/kg bw/day) induced a persistent decrease in serum thyroxine (T4) levels (reviewed in ATSDR 1993a). The serum levels
of triiodothyronine (T3) did not change.
Since the decreased T4 levels apparently
were not consistent with hyperactivity of
the secretory cells, these changes were interpreted to be due to increased clearance or
degradation of the thyroid hormone.
Retinoids

No data have been found on interaction
ofphtalates on retinoid pathways.

BISPHENOL-A AND TETRABROMOBISPHENOL-A

S

tudies in vitro have shown that bisphenol-A is an estrogen receptor agonist.
Bisphenol-A is used in epoxy-lacquered coating of cans and may be released
from these. Brotons and coworkers (1995) observed that some foods (peas, artichokes, green beans, mixed vegetables, corn, mushrooms) from such cans exhibited
significant estrogenic activity in the MCF-7 cell line E-Screen test. Bisphenol-A has
also been found to be released from polycarbonate plastic during autoclaving
(Krishnan et al., 1993).

Reproductive and developmental
effects
Exposure of rats (160–640 mg/kg/day) and
mice (500–1250 mg/kg/day) to bisphenol-A
resulted in fetal toxicity in mice but not in
rats (Morrissey et al., 1987).
A significant increase in uterine water content was observed in rats 18 h after an injection of 50 or 100 mg bisphenol A per kg bw
(TemaNord 1996).
Interactions with hormones and
hormone receptors
Steroid hormones

Bisphenol A stimulates the growth of human breast cancer cells (Brotons et al.,
1995, Krishnan et al., 1993; TemaNord
1996). It has also been shown that bis-

phenol-A competes with estrogen binding
to ER with an affinity of 1:2000 compared
to estradiol-17β (Krishnan et al., 1993).
Bisphenol-A, at a concentration of 10−25
mM, also induced the progesterone receptor
in MCF-7 cells. This induction of the progesterone receptor could be blocked by
tamoxifen.
Thyroid hormones

TBBP-A has been shown to compete in
vitro with thyroxine for the binding site on
TTR (Brouwer, personal communication).
No data have been found about effects of
bisphenol A on thyroid hormone pathways.
Retinoids

No data have been found on interaction of
bisphenol A with retinoid pathways.

CHEMICAL INTERACTIONS

I

t has been suggested that environmental chemicals having estrogenic effects may
act in concert. Thus, when OH-PCBs were applied together at subthreshold levels
for each individual compound, they induced sex reversal in turtle eggs incubated at
male-producing temperatures (Bergeron et al., 94).
In a study on rainbow trout hepatocytes, additive effects on vitellogenin production were found for a combination of NP, NP ethoxylate and NP carboxylic acids
(Harries et al.,1995).
Mixtures of DDT metabolites reduced estradiol binding to estrogen receptor prepared from American alligator oviduct in an additive fashion, whereas combinations
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of chemicals identified in Lake Apopka appeared to have a greater than additive
effect (Vonier et al.,1996).
The combined effect of two OH-PCBs (2’,4’,6’,-trichloro-4-biphenylol and
2’,3’,4’,5’-tetrachloro-4-biphenylol) on estrogen mediated gene activation indicates
that they act synergistically (Arnold et al., 996). These authors also found that dieldrin, toxaphene, endosulfan and chlordane acted synergistically when tested in different combinations in transgenic yeast cells. The results from these studies have,
however, been questioned (Kaiser 1997).
Recently, the estrogenic effects of dieldrin and endosulfan were tested in a yeast
cell estrogen receptor assay and in a uterus growth assay (Ashby et al., 997). Using
methoxychlor (a known estrogen agonist) at a concentration that gave a submaximal
estrogenic response, this study did not indicate that either dieldrin or endosulfan
activated the system when added as a mixture. Neither did they alone or in combination with methoxychlor enhance the signal achieved with metoxychlor alone. Thus,
these results do not support the hypothesis that synergism between chemicals will
lead to estrogenic activity.
Subsequent experiments performed to confirm the study by Arnold et al., (1996)
has led to the withdrawal of the original paper (McLachlan, 1997). It can therefore
not be concluded at this time that environmental chemicals act in synergy to activate
the estrogen receptor.

SUMMARY

E

xperimental data clearly demonstrates that most of the chemical compounds addressed in this document can impair vertebrate reproduction, while effects on
developmental processes have been demonstrated by a more limited number of compound classes.
Effects on reproduction (e.g. decreased fertility and survival of the offspring) and
reproductive tissues (e.g. decreased testes weight, delayed onset of male puberty,
delayed vaginal opening, prolonged estrus cycle) in experimental studies with mammalian species have been observed following exposure to DDT, lindane, PCDDs/
PCDFs, PCBs, HCB, PCP, andphtalates. Corresponding effects in birds include egg
shell thinning and decreased hatchability following exposure to DDT, lindane,
PCBs, HCB, and PCN. In fish, impaired reproduction (decreased hatchability, delayed spawning) has been observed following exposure to DDT and PCB, whereas
decreases in testis weight and sperm production have been observed in fish exposed
to nonylphenol. Decreased weights of testis, ovaries, and uterus have been observed
in rats exposed tophtalates.
Exposure to DDT, PCDDs/PCDFs, or PCBs during development, i.e. in utero, has

126

resulted in behavioral and learning deficits later in life. Altered mating behavior and
feminization of the male offspring has been observed among birds exposed to DDT,
and mammals exposed to PCDDs/PCDFs and PCBs. Impaired learning and auditory
deficits are additional findings in the PCB-exposed offspring. Male rats exposed to
octylphenol or butylbenzylphthalate in utero exhibited decreases in testis weight and
sperm production at maturity.
The observations in experimental animals are consistent with some of the documented and discussed effects in humans and wildlife (see Chapter 4). However, cancers of the testes, prostate, or breast, which are increasing in the human population,
have not been observed in experimental cancer studies on any of the compounds
addressed in this evaluation. In contrast tumors of the thyroid gland have been observed in rodents exposed to TCDD or CPs. Decreased incidences of tumors in the
pituitary, adrenal and mammary glands, and uterus have also been observed in
TCDD-exposed rats.
The mechanisms behind the observed effects in experimental animals are largely
unknown, and it is not clear whether or not the primary effect, for any of these contaminants, is due to endocrine disruption. However, there is extensive experimental
evidence demonstrating that, among these groups of compounds, there are a large
number of potent modulators of the steroid, thyroid, or retinoid systems (Table 6.1).
Direct interaction with steroid hormone receptors has been demonstrated in in
vitro systems for many of the compounds (e.g. OH-PCBs, DDT, alkyl phenols,
andphtalates). These compounds also induce estrogenic responses in in vitro systems
(e.g. proliferation of MCF-7 cells) but only in a few cases has an estrogenic response
by these compounds been validated in in vivo models (e.g. vitellogenin synthesis).
PCDDs/Fs and dioxin like PCBs are potent anti-estrogens; they do not bind to the
estrogen receptor and they inhibit estrogen induced responses in vitro (MCF-7 cells)
and in vivo (vitellogenin synthesis).
Interactions between environmental pollutants and thyroid hormones include direct binding of the pollutant or its metabolite to transthyretin, which is the plasma
transport protein for thyroxin (and retinol), and altered tissue levels of T3 and T4.
Compounds that bind to transthyretin in vitro include (DDT, PCDDs/Fs, certain
PCBs (OH-PCBs), and bisphenol A.
All persistent organic halogens surveyed in this evaluation alter tissue levels of
retinoids or critical steps in the retinoid metabolism. Effects on the retinoid system
has been demonstrated in a large number of species and the response is observed
following in utero exposure, although most studies were made in adult animals. The
most potent retinoid disrupting compounds are the PCDDs/Fs and coplanar PCB
congeners. The potency of individual PCDD, PCDF, and PCB congeners, to decrease
hepatic vitamin A levels, is related to the chemical structure of the compound. This
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Table 6.1. Interactions of some environmental pollutants with hormonal systems.
CHEMICAL

INTERACTION

GROUP

WITH HORMONE SYSTEM :

STEROID

THYROID

RETINOID

Pesticides
– DDT
– lindane

+
+

+
+

+
+

PCDD/F

+

+

+

PCB

+

+

+

PBDE

nd

+

+

Chlorinated paraffins

nd

+

+

Halogenated benzenes and
phenols

+

+

+

Polychlorinated naphthalenes

nd

nd

+

Alkyl phenols

+

nd

nd

Phthalates

+

-

nd

Bisphenol A

+

nd

nd

+ interaction (agonistic and/or antagonistic);
– no effect
nd no data found

effect may be associated to the affinity of these compounds for the Ah-receptor. In
contrast to TCDD, which increases plasma retinoid levels, there are some PCB congeners, which decrease serum vitamin A levels. This effect may be associated to the
ability of hydroxylated PCB-metabolites to bind to transthyretin and thereby interfere with the serum transport of vitamin A. In addition, PBDEs, CPs, DDT, lindane,
and PCN (with no or low affinity for the Ah-receptor), also affect tissue retinoid
levels,possibly through other or mixed mechanisms.
In addition to the hormones evaluated, many other regulatory systems, such as the
immune and nervous systems, are involved during developmental processes and reproduction. Together they form a central unifying regulatory system used by cells
and tissues to integrate information relating to their state of differentiation and proliferation. Numerous events in these regulatory processes may be impaired, yet there
are very few established test-systems for these processes. Furthermore, the endpoints in use are generally of an integrated character and does not give any information as to the possible target event or to the mechanism of action. It is obvious that
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there are large data gaps both with regard to the general developmental and reproductive physiology and even more so with regard to the toxicology of these processes.
Based on this knowledge it is not surprising that EDSs can belong to completely
different classes of chemicals, having markedly different chemical and physical
properties. It is also likely that in the adult, individual mechanisms for controlling
modest fluctuations of hormones are in place and protect against manifest adverse
consequences of endocrine disrupting chemicals. In contrast, even minor disturbances in the endocrine systems during embryogenesis and fetal development are
likely to have serious consequences for the proper development of both the neuronal
and reproductive systems.
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7. GENERAL CONCLUSIONS AND RECOMMENDATIONS

I

t has been known for several decades that environmental contaminants may disturb endocrine function. More recently it has been demonstrated that pollutants
can interact with hormone systems via a number of different mechanisms. There has
been a focus on estrogenic environmental contaminants in the current discussion
about endocrine disrupters. This may partly be due to the availability of sensitive in
vitro tests with specific endpoints for estrogen receptor agonists. However, interaction of environmental compounds with other steroid hormones, thyroid hormones
and retinoids may be as widespread and important for impaired reproduction and
development as the estrogenic effects.
It is clear that many different pollutants can interfere with all the hormone systems
discussed in this report, but it is uncertain to which extent humans and wildlife are
exposed to levels high enough to cause adverse health effects. Effects on reproduction and endocrine function have been observed in wildlife in different areas contaminated with anthropogenic compounds. In Sweden, disturbed reproduction has
been reported in fish, predatory birds and fish-eating mammals. The documented
effects in wildlife have in most cases been correlated to well-known contaminants
such as DDT and PCB or to contaminants present in effluents from the pulp and
paper industry. In spite of a downward trend for most persistent organic pollutants in
Swedish wildlife, levels of PCBs in certain specimens of fish-eating mammals are
still higher than those known to impair reproduction in the mink. The salmon in the
Baltic have been showing increased incidence of fry mortality (M74). This disease
has been linked to thiamine deficiency and there is little evidence at present that
M74 is related to xenobiotics.
Various developmental and reproductive disorders in humans have been proposed
to be due to environmental pollutants. Epidemiological data from several independent studies indicate that fetal and/or early postnatal exposure to persistent
organochlorines could be associated with disturbed neural development, decreased
birth weight, and possibly with altered thyroid hormone levels. These data are supported by experimental findings in several species. Available data do not indicate a
risk for adverse effects in the general Swedish population. However, the safety margins for foetuses/neonates may be narrow and the exposure within the population
varies depending on dietary habits. Furthermore, the normal functions and interrelationships of the various hormone systems, and their connections with the nervous
and immune systems, are incompletely known and contaminants may have subtle
effects not yet identified. There are also potential EDSs present in the environment
that have not been thoroughly evaluated for adverse effects in whole animal systems
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and human exposure to most environmental contaminants is incompletely known. In
Sweden there seems to be an increasing trend in testicular cancers and hypospadias
but there is no obvious relationship between exposure to environmental contaminants and these disorders.

GENERAL RECOMMENDATIONS FOR FUTURE RESEARCH
Recommended areas for future research activities include:
• Development of in vitro and in vivo models for endocrine disruption.
• Experimental effect studies and determination of dose-response relationships.
• Chemical identification of EDSs present in the environment and determination
of human and wildlife exposure.
• Identification and monitoring of endocrine disruption in wildlife and humans.
• Basic research about hormone systems and elucidation of the mechanisms of action of endocrine disrupters.
• Development of methods to assess the risk of EDSs.

Development of test methods
Effects of chemicals have to be evaluated using various in vitro and in vivo test systems. Modern techniques such as molecular modelling and transfection of cultured
cells with cloned receptor genes may be used for rapid screening purposes but cannot replace in vivo studies.

RECOMMENDATIONS
• In vitro tests for screening should be further developed and validated.
• Test methods using whole organisms should be developed and used in testing of
potential EDSs.
• Sensitive life-stages and endpoints have to be identified.
• QSAR models may be used to give priority to compounds for further testing with
the more labour-consuming and expensive in vitro and in vivo tests.

Effect studies in experimental animals
Both new and existing chemicals need to be characterized for endocrine-disrupting
effects. Various in vitro tests will generate a great amount of data aiding in the identification of potential EDSs. The potencies of these potential EDSs to cause adverse
health effects have to be determined in whole animal models.
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RECOMMENDATIONS
• Dose-response relationships should be determined and threshold levels identified.
• The kinetics of potential EDSs and effects of metabolites need to be considered.
• Additive, synergistic and antagonistic interactions between chemicals in mixtures have to be examined using both in vitro and whole animal systems.

Chemical identification of EDSs
There is insufficient information about the extent to which humans and wildlife are
exposed to EDSs. For most chemicals there is also a lack of data on geographical
differences and temporal trends in concentration levels.

RECOMMENDATIONS
• Non-discriminating analysis should be performed in order to obtain information
on exposure.
• Internal exposure in humans and top predators has to be determined.
• Analytical methods for less persistent compounds and their metabolites need to
be developed.
• Potential EDSs should be synthesized for use in experimental studies and as reference substances.

Wildlife studies
In wildlife, adverse health effects have been observed and certain populations and
specimens are probably exposed to contaminant levels high enough to cause reproductive impairment. There are large species differences in sensitivity to environmental contaminants and animals may be particularily vulnerable to EDSs at specific life
stages or developmental periods.

RECOMMENDATIONS
• Sensitive and specific biomarkers for endocrine disruption should be identified.
• Various species and developmental stages have to be studied.
• Sentinel species should be identified and biomarkers included in monitoring programmes.

Human epidemiology
Data from epidemiological studies suggest that environmental pollutants may interfere with foetal and neonatal development at relevant exposure levels. There are indications that certain genital malformations and endocrine-related cancer forms in re-
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productive organs are increasing, and a decrease in sperm quality has been suggested. Any causal relationship between exposure to environmental contaminants
and these disorders has yet to be demonstrated.

RECOMMENDATIONS
• Exposure assessments need to be improved. Studies should include internal and
external exposure data.
• Frequencies of endocrine-related reproductive and developmental disorders
should be compared geographically and temporaly between populations differently exposed to contaminants.
• A combination of cohort studies of especially exposed populations and case reference studies are needed.
• Examples of health outcomes to be studied are birth weight, growth during infancy, neural development, time to pregnancy, sperm quality, incidence of hypospadias, hormone levels, and hormone-related neoplasms.
• Methods have to be standardized in order to enable comparisons between different studies.

Basic research and elucidation of mechanisms
For many of the observed adverse effects on endocrine systems, the mechanisms are
not understood. Often, it is not clear whether the effects are caused by direct interference with the endocrine systems or if they are secondary to effects on other systems.

RECOMMENDATIONS
• Receptor assays, cells containing reporter systems, and other in vitro systems are
important tools and should be used for studying the mechanisms of action of
EDSs.
• Basic research on normal functions of hormonal systems is needed. Such studies
should be combined with studies elucidating the mechanisms involved in the interference of EDSs with these systems.
• Research on normal and chemically disturbed reproductive and developmental
processes should be carried out in various species.
• Studies of hormone action during embryogenesis and the effects of chemical interferences during this period are needed.
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Methods for risk assessment of EDSs
RECOMMENDATIONS
• New and improved methods are required for comparison and ranking of EDSs
within and between compound classes exhibiting the same type of hormone disrupting effect.
• There is also a need for new and improved methods to compare and rankmixtures
of EDSs; both EDSs exhibiting the same and different types of hormone disrupting effects.
• Systematic evaluation and comparison of effect data taking chemical and physical properties of EDSs into consideration is needed.

RESEARCH TO BE SUPPORTED BY A SWEDISH PROGRAMME
• The Swedish EPA should support research in most of the areas suggested above.
• Development of in vitro and in vivo test models for EDSs should be supported as
a contribution to the OECD test guideline program. The development of in vivo
models also constitutes a basis for identification of suitable biomarkers to be
used in biomonitoring in the Swedish environment. Thus the integration of laboratory and field studies should be supported.
• Endocrine disrupting effects of effluents from the pulp, paper and chemical industries as well as from sewage treatment plants in Sweden should be surveyed.
The extent of adverse effects in recipient water bodies should be determined and
any active compounds identified.
• Extended assessment of the exposure of Swedish wildlife to EDSs is eeded. Thus
new analytical techniques need to be developed and applied. The exposure of top
predators such as Baltic seals and harbour porpoises, otters, and predatory birds
to persistent organic pollutants should be monitored and adverse effects in these
species identified. Fish are continuously exposed to both persistent organic pollutants and non-persistent compounds and due to their labile sex determination
they may constitute a highly sensitive group. The effects of these compounds on
fish should therefore be monitored using stationary species such as eelpout and
perch, which are present in Swedish waters. Results from experimental studies
and determinations of dose-response relationships for various compounds are
crucial for the selection of compounds to be included in extended monitoring
activities.
• Exposure assessment of the Swedish human population to EDSs should be improved and constitute a basis for epidemiological studies.
• Research on compounds to which wildlife and humans are significantly exposed,
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and which are still being spread, should have priority. For instance, brominated
flame retardants such as PBDEs and tetrabromobisphenol A are still in use, are
detected in biota, and insight into their distribution in the environment and possible endocrine disrupting effects are limited.
• The development and evaluation of novel tools to estimate health and environmental risk associated with exposure to EDSs should be supported.
• Although basic knowledge of hormonal systems and reproductive and developmental processes needs to be extended, research in these areas should mainly be
supported by other sources. However, research on the various mechanisms of
action of EDSs should be supported.
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8. ABBREVIATIONS
AF-1
AF-2
Ah-R
AP-1
APE
Araclor
ARAT
BDE
BBP
BCF
BCPS
CB
CDE
Clophen
CN
CP
CRABP
CRBP
CS
CYP
DBP
DDT
DEHP
DES
DIT
E2
EMS
ER
ERE
EROD
FSH
GABA
GAD
GLEMEDS
HCB
hCG
HCH

Activation function domain 1 in receptor
Activation function domain 2 in receptor
Aryl hydrocarbon receptor (dioxin receptor)
Activator protein 1 (cJun and cFos dimers)
Alkylphenol ethoxylate
PCB mixture
Acyl coenzyme A retinol acyl transferase
See PBDE
Butylbenzyl phthalate
Bioconcentration factor
Bis-(4-chlorophenyl)sulphone
See PCB
See PCDE
PCB mixture
See PCN
Chlorinated paraffin
Cellular retinoic acid binding protein
Cellular retinoid binding protein
See OCS
Cytochrome P450
Dibutyl phtalate
Dichloro diphenyl trichloroethane [p,p-DDT
(1,1,1-trichloro-2,2-di(4-chlorophenyl)ethane]
Di(2-ethylhexyl)phtlalate
Diethylstilbestrol
Diiodotyrosyl
Estrogen
Early mortality syndrome
Estrogen receptor
Estrogen receptor element (enhancer region in gene)
Ethoxyresorufin O-deethylase
Follicle stimulating hormone
Gamma-aminobutyric-acid
Glutamic acid decarboxylase
Great Lakes embryo mortality, edema and deformties syndrome
Hexachlorobenzene
Human corionnic gonadotropin
Lindane
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17 HSD
Kow
LH
LOAEL
LRAT
M74
MCF-7
MDR
MIH
MIT
MSF-PCB
NOAEL
NP
OCS
OH-PCB
OP
PBB
PBDE
PCB
PCDD
PCDE
PCDF
PCN
PCP
RAR
RARE
RBP
REH
RRE
RU486
RXR
SHBG
TBBP-A
TBG
TBT
TCDD
TCPM
TGF-β3
T3
T4
TTR
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17 hydroxysteroid dehydrogenase
Partition koefficient between oktanol and water
Luteinizing hormone
Lowest observable adverse efffect level
Lecitin retinol acyl transferase
Mortality 1974 (see also EMS)
Human breast cancer cell line
Multi drug resistance
Müllerian inhibitory hormone
Monoiodotyrosyl
Methyl sulphonyl metabolite of PCB
No observable adverse effect level
Nonylphenol
Octachlorostyrene
Hydroxylated metabolites of PCB
Oktylphenol
Polybrominated biphenyl
Polybrominated diphenyl ethers
Polychlorinated biphenyl
Polychlorinated dibenzo-p-dioxin
Polychlorinated diphenylethers
Polychlorinated dibenzofuran
Polychlorinated naphthalene
Pentachlorophenol
Retionic acid receptor
Retinoic acid response elements(enhancer region in gene)
Retinoid binding protein
Retinylester hydrolase
Raloxifene response element (suggested)
Antiprogestin
Retionid X receptor
Steroid hormone binding globulin
Tetrabromobisphenol A
Thryoxine-binding globulin
Tributyltin
Tetrachloro dibenzo-p-dioxin
Tris (4-chlorophenyl)methane
Transforming growth factor-β3
Thiiodothyronine
Thyroxine
Transthyretin

